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Because phosphorus (P) is the main limiting nutrient in the majority of surface waters, developing 

protective and cost efficient P source control plans is crucial for reducing eutrophication risk. 

Currently, it is assumed all of the P discharged from Wastewater Treatment Plants (WWTP) is 

bioavailable. This study used standard algal bioassays to determine the extent to which the various 

forms of P in WWTP effluent are available for algal growth and how the mineralization kinetics of 

dissolved P should best be represented in water quality models. The effluents from a pilot plant with 

various alum-based process were tested. The bioassay indicated that percent bioavailable P (%BAP) 

declined as P removal level increased (r2 = 0.98) and only 7 ± 4% of the P was bioavailable in the final 

effluent. The chemical speciation and biological uptake experiments for 21 selected P containing 
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compounds showed that in a majority of cases (81%) these species did not follow the classic 

assumption that Soluble Reactive P (SRP) is a representation of bioavailability. A new classification 

scheme is proposed to link the connection between bioavailability and operational chemical measures. 

After characterizing the P, both chemically and biologically, in effluents from 14 advanced nutrient 

removal facilities with a wide range of phosphorus removal technologies, a regression model was 

derived between the operational categories and bioavailability. This showed a strong statistical 

association between BAP and Total Reactive P (TRP) (r2 ≈ 0.81), with a BAP/TRP ratio of 0.61 ± 0.24, 

suggesting TRP could be used as a conservative predictor of BAP. Furthermore, this study indicated 

that the bioavailability and P speciation varies greatly from one treatment process to another, while in 

most cases the majority (> 60%) of the effluent P is recalcitrant for algal growth. Finally, the 

mineralization kinetics of dissolved P in effluents from tertiary process was assessed by bioassays. 

Model fitting results showed two-pool model and three-pool models fit the experimental data very well 

with r2> 0.9 and the mineralization rate determined in these first-order decay models could be 

seamlessly incorporated into existing Total Maximum Daily Loading (TMDL) models without 

structural modifications. This study also provided a scientific basis to consider the importance of 

recalcitrant P in tertiary effluents in future modeling practices. 
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Introduction	
  

It has long been known that phosphorus (P) is a key element for eutrophication control in 

freshwater systems. Although there is still a continuing debate regarding the nature of nitrogen (N) and 

P limitation (Tyrrell 1999, Schindler et al. 2008, Lewis and Wurtsbaugh 2008, Elser et al. 2007), P is 

considered the proximal limiting macronutrient in most cases. For instance, research has shown that 

because of nitrogen (N) inputs from atmospheric deposition, Lake Tahoe has shifted to persistent P 

limitation (Jassby et al. 1994). Also, by using factorial enrichment designs to estimate the strength of 

nutrient limitation, the growth of algae and bacteria in western Lake Superior was found to be P limited 

(Sterner et al. 2004). Moreover, a Long-term lake experiment has shown that reducing P inputs should 

be the focus of eutrophication control strategies because N input control would actually favor the 

growth of nitrogen-fixing cyanobacteria (Schindler et al. 2008).  

Since excessive P availability to microbial populations can degrade water quality, common practice 

is to develop P sources control strategies to reduce eutrophication risk in the watershed planning 

process (EPA 2013a). Currently, in most P loading control plans, total P (TP) is assumed to be the end 

measure for monitoring and permitting (Cusimano 2004). This is plausible for effluents from secondary 

Wastewater Treatment Plants (WWTPs) where TP concentrations are high, and much of the reactive P 

compounds remain in the effluents. However, in order to control nutrient loading to maximize 

environmental protection, many WWTPs are or will be required to upgrade by implementing tertiary 

removal treatments (EPA 2013a, Cusimano 2004). With the help of intensive chemical addition and/or 

membrane filtration, effluent P concentrations can be dramatically decreased, while also leaving 

refractory dissolved P as the dominant fraction which barely contributes to algae growth (Neethling et 
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al. 2007, Christen 2007). Using TP as the ultimate measure of eutrophication potential could greatly 

overestimate the effective P loading and lead to ineffective management strategies (Reynolds and 

Davies 2001). Thus, there is a need to re-configure water quality models with regards to P 

bioavailability and algae uptake kinetics for these advanced nutrient removal facility effluents. This is 

an essential step to provide scientific evidence in support of sound management decisions considering 

the high financial investments and secondary environmental effects associated with the operation of 

tertiary plants.  

To achieve this goal, the main goal of this study is to characterize the P pool that supports algal 

growth, termed Bioavailable P (BAP), and its uptake kinetics in effluents from advanced nutrient 

removal facilities. Conventionally, wet chemical analyses using molybdate acid are used to characterize 

P (Murphy and Riley 1962). However, several studies have shown these operationally defined fractions 

do not necessarily correspond to the role these forms play in the biotic cycling and P utilization 

(Reynolds and Davies 2001, Baldwin 1998, Hudson et al. 2000, Rigler 1968). This study adopted a 

standard bioassay method (SM8011) using Selenastrum, which was developed based on Miller et al.’s 

(1978) algal toxicity bioassay protocol. This approach allows direct determination of the P pool 

assimilated by algae (American Public Health et al. 2005, Miller et al. 1978). This method has been 

applied widely to quantify the total BAP in surface water and sediment samples from natural systems 

(Ekholm et al. 2007). However, studies determining the BAP of wastewater effluents are very rare. As 

the regulatory process demands increased understanding of the bioavailability of the nutrients in 

tertiary effluents, particularly when discharging to extremely sensitive water system, direct estimation 

of BAP in these effluents using bioassays could be critical for implementing nutrient management 

schemes (Effler et al. 2012).   
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Another issue that is important for our understanding of P bioavailability is the disconnect between 

chemical measures and the biological characteristics of P species. In the P cycle in surface water 

systems, DRP is generally assumed to be entirely bioavailable and rapidly assimilated by 

phytoplankton. Organic bound P compounds can be hydrolyzed by enzymes which are synthesized by 

bacteria and phytoplankton, and subsequently assimilated (Berman 1988, Thingstad et al. 1993, 

Monaghan and Ruttenberg 1999). Dissolved inorganic and organic P can adsorb onto the particulate 

matter and settle from water column (Wetzel 2001). Factors known to regulate the internal P cycle 

within water systems include abiotic factors (pH, redox value, temperature and etc.) and biogenic 

mineralization (Wetzel 2001). There is considerable debate over which of these forms and conditions 

of phosphorus is bioavailable (Nausch and Nausch 2006, Cotner and Wetzel 1992, Bjorkman and Karl 

2003, Bentzen et al. 1992). This issue should be resolved by distinguishing the contribution of each P 

species to the BAP pool.  

In addition to the direct determination of the total BAP pool, finding a more practical and cost 

efficient approach to predict the bioavailable P fraction could improve monitoring of WWTP effluents 

because algal bioassays are too labor intense for routine measurements (Ellison and Brett 2006). The 

studies assessing the fit between chemical measures and BAP have shown TP could greatly 

overestimate BAP by including refractory P while Soluble Reactive P (SRP) could underestimate as it 

does not account for the potential bioavailable organic P (Reynolds and Davies 2001, Hudson et al. 

2000). Yet, there is no solid conclusion on which operational chemical measure is the best predictor for 

BAP in WWTP effluents. Research on the relationship between operational categories and bioavailable 

fraction is needed to provide a basis for regulators to base effluent permits on phosphorus fractions 

other than TP. 
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Furthermore, in current watershed pollution plans, the analysis of point source and non-point source 

control strategies is mainly achieved by scientific modeling, in which an assumed mineralization rate is 

embedded to describe the degradation mechanism of P (Chapra 1997, EPA 2013b). There has been 

speculation that relying on this single rate to represent all uptake pathways could over-simplify the 

complex interactions of various P compounds in surface waterbodies (Christen 2007). Thus, after the 

determination of BAP in effluents and different P species, with the understanding of importance of 

BAP, the final step is to assess the mineralization kinetics of dissolved P. This could allow us to resolve 

the phosphorus bioavailability issue by incorporating these scientific findings into modeling application 

and thus presenting a science-based approach for permitting actions. 

This dissertation is based on four publications with each corresponding to one scientific question I 

am aim to address in my Ph.D research: 

1. What is the BAP fraction in the effluents from advanced nutrient removal facilities and 

how it is impacted by tertiary treatments? 

Paper I examined BAP in the effluents from a pilot tertiary plant that tested various alum based 

processes for achieving > 99% P removal. Effluents from different stages were assessed to test the 

influence of alum treatments on %BAP and tBAP. 

2. What is the bioavailability of different P compounds that may commonly occur in WWTP 

effluents? 

Paper II tested 21 different P species with both algal bioassays and classic chemical operational 

methods to develop a new classification scheme for P compounds based bioavailability and 

chemical category.  
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3. Which operational chemical category best predicts the potential BAP pool in effluents and 

could be used as monitoring measure for WWTP.  

Paper III derived a regression model between BAP and chemical measures for effluents from 14 

advanced nutrient removal facilities to assess the best correlates of biological response.  

4. What are the mineralization kinetics of dissolved P and its associated biodegradation rate 

and how can this be embedded in current water quality models?  

Paper IV assessed the mineralization kinetics of dissolved P in algal uptake experiments. The 

experiment data were fit with three different first-order kinetic models and a Gamma model to 

identify which representation give the most parsimonious fit to the data and which mineralization 

rate derived from these models represents each of the effluents studied.   
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ABSTRACT: Because different phosphorus (P) forms vary greatly in their bioavailability, total 

phosphorus concentrations are a problematic predictor of the eutrophication potential of natural surface 

waters and wastewater treatment facility effluents. Further, it is currently not known which operational 

P characterizations (i.e., dissolved/particulate and reactive/non-reactive) best predict effluent 

phosphorus bioavailability. We characterized the P speciation and directly measured the bioavailability 

of P (BAP) using algal bioassays for 14 full-scale advanced nutrient removal wastewater treatment 

plants representing a wide range of phosphorus removal technologies. A strong statistical relationship 

was observed between the effluent total BAP (tBAP) and total reactive P (TRP) (r2 ≈ 0.81), with a 

tBAP/TRP ratio of 0.61 ± 0.24, indicating TRP can be used as a conservative surrogate predictor of 

tBAP. A comparison of different operational categories for phosphorus indicated that sBAP is 

consistently lower than both soluble P (SP) and soluble reactive P (SRP) with average ratios of 0.34 ± 

0.19 and 0.62 ± 0.27, respectively. This shows a large fraction of the dissolved non-reactive P (i.e., SP - 

SRP), and ≥ 40% of the P classified as SRP was not bioavailable. Total BAP concentrations were on 

average 30% higher than soluble BAP (sBAP) concentrations, indicating the particulate P fraction was 

an important component of the bioavailable P pool for the effluents we tested. Comparisons between 

different P removal technologies suggest the bioavailability and P species composition varies with the 

nutrient removal process and that in many cases a large portion (> 60%) of the effluent P is recalcitrant 

to algal growth. Our results showed four tertiary processes which all used filtration combined with high 

chemical doses ( > 30 mg L-1 as Fe or Alum) achieved extremely low effluent total BAP concentrations 

( > 5 µg L-1) and also reduced the percentage total BAP (tBAP%) down to less than 30% of TP.  

Key Words: Phosphorus, Nutrient Removal, Bioavailability of Phosphorus, Tertiary Treatment  
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1. Introduction 

    Phosphorus (P) is considered the proximal limiting macronutrient in many lakes, estuaries and 

marine systems (Tyrrell 1999, Schindler et al. 2008, Lewis and Wurtsbaugh 2008, Elser et al. 2007). As 

a key driver of eutrophication, excessive P loading can lead to environmental problems such as harmful 

algal blooms, and hypoxia and fish kills resulting from biomass decay. To lessen P pollution and its 

environmental effects, various types of P removal processes have been developed in municipal 

wastewater treatment plants since these are often a major source of P to surface waters. Increasingly, 

ultra-low effluent P concentrations (i.e., <100 µg L-1) in municipal wastewater treatment plant 

discharges are required (Ragsdale 2007). Advanced tertiary treatment with multiple stages using 

chemical addition and filtration or membrane separation are commonly used to meet these low targets. 

Studies of the effluents from these systems have shown Soluble Reactive P (SRP), which is often 

assumed to be a measure of orthophosphate, only accounts for 33-53% of TP (Neethling et al. 2007, Gu 

et al. 2007). Lancaster et al., (2008) suggested refractory soluble organic P fractions have a greater 

tendency to persist and therefore have significantly lower removal efficiency than phosphates or 

inorganic P. In systems where P removal is the most effective, i.e., effluent TP ≈ 20 µg L-1, soluble 

refractory P is commonly the dominant form in the discharge (Neethling et al. 2007, Gu et al. 2007, 

Benisch et al. 2007, Li and Brett 2012).  

To quantify the effectiveness of P removal facilities, effluent monitoring for TMDL permitting is 

normally based on total P (TP) concentrations regardless of the P composition, under the assumption 

that this is the most protective strategy for minimizing eutrophication in receiving surface waters. This 

assumption may greatly underestimate the environmental impact of P sources that are readily 

bioavailable (e.g., conventional secondary WWTP effluents), and over-estimate the importance of P 

source with low bioavailability (e.g., P bound to inorganic particles) (Reynold and Davis, 2001). 

Furthermore, as noted above, in advanced P removal systems, much of the residual P may be 
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recalcitrant. Therefore, the permitting process demands increased understanding of the composition and 

bioavailability of the nutrients in tertiary effluents. More precise and cost effective P-response models 

could be possible if these models fully accounted for P bioavailability.  

The fraction of P that can be used to support algal growth is termed bioavailable P (BAP) and is 

typically quantified using bioassay experiments. Generally, P in the soluble orthophosphate form is the 

most easily utilized by phytoplankton and planktonic bacteria. It is well accepted that algae and bacteria 

are also capable of utilizing forms of P other than PO4
3- to support their growth (Tarapchak and Moll 

1990, Nausch and Nausch 2004). For instance, dissolved organic P sustained reasonable growth and 

yields of phytoplankton and bacteria under orthophosphate depleted conditions (Berman 1988, 

Thingstad et al. 1993, Monaghan and Ruttenberg 1999). Several studies on the bioavailability of 

phosphorus compounds in surface waters indicated an efficient regeneration of phosphate from some 

organic and inorganic polyphosphate compounds (Bjorkman and Karl 2003, Bjorkman and Karl 1994, 

Bostrom et al. 1988). Consequently, utilization of organic P, and to a lesser extent recalcitrant inorganic 

P, could support algal productivity and control the bioavailable P reservoir (Monaghan and Ruttenberg 

1999, Bjorkman and Karl 1994). Bioassay experiments carried out with a wide variety of P-containing 

compounds, showed that some compounds that are operationally classified as reactive phosphorus have 

very low %BAP (e.g., apatite), whereas other compounds that are classified as non-reactive are nearly 

entirely bioavailable (e.g., sodium tripolyphosphate and all true "organic" forms tested - DNA, RNA, 

ATP, etc.) (Li and Brett 2013a). Furthermore, the dissolved phosphorus fraction associated with humic 

substances was almost entirely non-bioavailable (Li and Brett 2013a). Therefore, from a management 

perspective, making decisions solely based on operational P speciation from chemical analyses is not 

sufficient without also considering phosphorus bioavailability. 

A standard bioassay method (SM8011) using Selenastrum was developed based on Miller et al.’s 

algal toxicity bioassay protocol (American Public Health et al. 2005, Miller et al. 1978), which has been 
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adapted to also include analyses of BAP. (Ekholm et al. 2007, Ellison and Brett 2006). In recent studies, 

algal bioassays were used to determine the presence of potentially bioavailable P from a wide variety of 

samples in various point and nonpoint sources as well as sediments. These studies indicated the BAP% 

is highest in secondary wastewater treatment plant effluents and lowest in lake and river sediments 

(Ekhom, et al,. 2007). Also, the bioavailability of particulates was studied in sixteen stream sites which 

concluded the percent bioavailable particulate phosphorus averaged 15-30% for streams draining 

catchments with forested, mixed use and agricultural land cover, respectively (Ellison and Brett, 2006).  

The BAP concentration derived from bioassays is the most definitive way to estimate the 

eutrophication potential of a particular effluent. However, bioassays are problematic for routine 

measurements as they are costly, work intensive and time-consuming (Ekholm et al. 2007), and 

bioassays are therefore not a practical method to monitor WWTP effluents. Several attempts have been 

made to correlate the results from algal bioassays with standard chemical extraction methods 

(Chamberlain and Shapiro 1969, Sharpley et al. 1991). Ideally, it is better to identify a widely measured 

chemical parameter to use as a predictor of the bioavailable fraction. Based on chemical reactivity with 

the acid molybdate reagent, operationally defined P fractions are usually used to characterize P 

speciation. For chemical analyses, the five most widely measured operational categories are TP, total 

reactive P (TRP) and soluble reactive P (SRP), soluble P (SP) and Particulate P (PP). There is no 

consensus on which particular chemical analysis provides the best predictor of the BAP pool. The most 

widely suggested estimators of BAP are SRP and TRP. It is commonly assumed the fraction determined 

as SRP through the acid molybdate reaction is equal to the phosphate concentration and is also 

completely bioavailable to aquatic primary producers (Reynolds and Davies 2001). However, some 

studies have shown SRP underestimates BAP at low concentrations and overestimates BAP when SRP 

is greater than 20 µg L-1 (Twinch and Breen 1982). Further, using Rigler’s 32P bioassay experiments, 

Hudson et al. (2000) concluded operationally defined SRP concentrations may be 2-3 orders of 

magnitude higher than the actual phosphate concentration (Hudson et al. 2000). Several authors have 
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suggested this disconnect between chemically determined SRP and actual phosphate concentrations 

could be due to the hydrolysis organic P compounds generating the blue color in chemical molybdate 

acid analysis (Rigler 1968, Bostrom et al. 1988, Kerouel and Aminot 1996). An alternative hypothesize 

for the mis-match is that some of the recalcitrant dissolved non-BAP fraction (e.g., humic-metal 

complexes or phytic acid) "aliases" as SRP because P is freed at very low pH during the acid molybdate 

analysis (Li and Brett 2013a). These and other studies suggest that SRP is not a reliable predictor of 

BAP or phosphate.  

Bradford and Peters (1987) developed regression models predicting bioavailable P from chemically 

determined fractions for 39 surface water samples. Their analysis indicated that TRP was the best 

predictor of BAP and explained 73% of the overall variation in BAP in the lake and river samples with 

TP concentrations < 30 µg L-1 that they studied (Bradford and Peters 1987). A study of the effluents 

from the City of Spokane’s advanced P removal pilot plant, which achieved TP concentrations ≤ 30 µg 

L-1, also showed TRP provided a better measure of the impact of effluent P on algae growth than did 

total P. The statistical relationship between operational phosphorus categories and BAP on a wide range 

of effluents from phosphorus removal processes was investigated in this study. This analysis could 

provide a basis for regulators to base effluent permits on phosphorus fractions other than TP. Moreover, 

currently, little is known about how effluent P composition varies for different nutrient removal 

processes and how this affects algae species composition and growth. Determining the relationship 

between the effluent phosphorus concentration and the percentage of BAP (%BAP) in effluents is 

particularly important when considering the balance between the environmental costs of additional 

energy consumption, chemical usage and sludge disposal relative to the incremental BAP removal at 

low effluent TP concentrations. 

In our study, various types of P removal treatment processes were selected including enhanced 

biological phosphorus removal and chemical coagulant addition in secondary and tertiary treatment 
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systems. Autoclaved and filtered samples were used in algal bioassays to estimate the total BAP (tBAP) 

and soluble BAP (sBAP), respectively. The effluent total and soluble phosphorus concentrations were 

also characterized as reactive or nonreactive and compared to BAP concentrations. These analytically 

measured parameters were regressed against the both sBAP and tBAP to assess the best correlates of 

biological response. The relationships between TP and BAP% in different effluents were compared to 

identify the most efficient P removal treatment processes. Also, selected samples were filtered through 

different filters to assess the impacts of filter size on P speciation.  

2. Methods 

2.1 Sampling  

A total 75 samples from 14 plants were analyzed for this project. Based on the advanced filtration 

technologies employed in the WWTPs that participated in this study, 17 types of effluents from 14 

plants were classified into four categories based on whether chemical addition and filtration was used in 

the treatment process. These categories included Enhanced Biological P Removal (EBPR) process 

without chemical addition, Membrane Biological Reactor (MBR) with chemical addition, single stage 

tertiary treatment with chemical addition and dual stage tertiary treatment with chemical addition (Table 

1). Subcategories were further classified based on the treatment technologies employed as described in 

SI Table 1 and Table 2.  

All samples were 24-hr compose samples collected in one liter acid washed (HCl) polyethylene 

bottles from as near the final outfall as practical at each plant, from April 2011 to April 2012. Samples 

were stored at 4 °C immediately after collection and shipped to our laboratory on ice and in the dark 

within 24 hours.  

Table 1. Treatment process classification 
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2.2 Chemical analyses 

Chemical analyses for each sample determined whether the phosphorus pool was reactive and/or 

dissolved according to the acid-molybdate spectrophotometric method described in Standard Methods 

4500-P. Four classic operational categories (TP, TRP, SP, and SRP) could be directly measured and 

determined. TP was determined after 45 minutes of autoclave-mediated digestion (120 °C, 100 kPa, 

with K2S2O8 and H2SO4) of an unfiltered sample. TRP was determined using the same reaction on 

unfiltered samples without digestion. Samples for SP and SRP analyses (120 mL) were first filtered 

through a 0.45 µm polycarbonate membrane filter (Millipore®). SP was measured after persulfate and 

acid digestion while SRP was measured without digestion. Soluble non-reactive P (SnRP) was 

calculated as the difference between SP and SRP. Values for PP were calculated by subtracting SP from 

TP to represent the particulate phase. To assess the effect of different filter sizes, selected samples were 

also filtered through a 0.2 µm polycarbonate membrane filter (Millipore®) and analyzed for SP and SRP 

and compared with samples passed through the 0.45 µm filter.  

2.3 Algal bioassays  

The freshwater algal species Pseudokirchneriella subcapitata (formerly Selenastrum capricornutum) 

was used for these experiments. As indicated by Standard Method 8111, P. subcapitata was maintained 

in synthetic nutrient growth media prior to and during the bioassay experiments (American Public 

Treatment Process Category Plants Chemical Addition 

EBPR without chemical 

addition 
3   

MBR Processes 2 √ 

Single stage tertiary 6 √ 

Dual stage tertiary 6 √ 
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Health et al. 2005). Seven to ten days prior to the bioassays, algae cultures were centrifuged and 

resuspended in P-free media to induce P-stress according to Ellis and Stanford (1988). Fifty mL of each 

test sample was placed into 125-mL Erlenmeyer flasks, which were acid-washed (0.1 M HCl) and 

autoclaved prior to each experiment. Standard media with known concentrations of KH2PO4 in the 

range of 0-100 µg P·L-1 were incubated in triplicate to obtain a standard curve for the algal growth 

yield. Because the precision of this method is lower than for standard wet chemistry approaches, four 

replicates of each sample were incubated and the results averaged for the final calculations. The algal 

cell yield was observed to be linear in the 0-100 µg L-1 range (r2 ≈ 0.99).  

200 mL effluent samples were autoclaved for 45 mins and paired 200 mL samples were filtered 

through a 0.45µm membrane filter. P-starved algae were added to both the autoclaved and filtered 

samples at a starting concentration of 104 cell·mL-1 to initialize the experiments. Samples were 

incubated at 24 ± 2 ºC under continuous fluorescent lighting of 4300 ± 430 lm in a horizontal shaker at 

110 rpm for 14 days. The 14-day incubation period is based upon the maximum growth potential for the 

test algae in laboratory conditions (American Public Health et al. 2005). Following incubation, algal cell 

density in the test and standard curve samples was determined using a Coulter Multisizer III particle size 

analyzer by passing the samples through a 100 µm aperture, with every sample read three times 

(American Public Health et al. 2005, Miller et al. 1978). Prior to each reading, background particle 

concentrations were estimated by testing parallel samples which were not inoculated with algae. The 

regression equation between algal cell density and BAP can be derived from the standard solution 

concentrations and algal counts accordingly:  

BAP (µg L-1) = (Cell Density)*A + B, 

where, A represents the slope and B the intercept of the standard curve. 



 45 

    The BAP derived from the autoclaved samples represented the value for total BAP (tBAP) while 

BAP in filtered sample indicates the soluble BAP (sBAP) fraction. The percentage BAP is calculated 

relative to TP for tBAP and relative to soluble P for sBAP.  

3. Results 

3.1 Comparison of chemical measures with bioassay results  

3.1.1 tBAP vs. TP and TRP 

Our results showed that tBAP averaged only 34 ± 17% of TP with a moderate correlation between 

these fractions (r2 = 0.77) (Fig. 1a). The tBAP/TRP ratio showed tBAP was also consistently less than 

TRP, with this ratio averaging 0.61 ± 0.24. There was a moderately strong statistical relationship 

between tBAP and TRP (r2 ≈ 0.81) (Fig. 1b). 

3.1.2 sBAP vs. SP and SRP 

In our study, sBAP was consistently much lower than SP, with an average sBAP/SP ratio of 0.34 ± 

0.19 (Fig. 1c). sBAP also had a moderately strong statistical association with SP (r2 ≈ 0.83). Similarly, 

most of the sBAP values were lower than SRP with only a few exceptions (Fig. 1d). The r2 between 

sBAP and SRP was 0.88 and the average sBAP/SRP ratio was 0.62 ± 0.24.  
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a

b. 

a. 
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Fig. 1. Comparison of tBAP and TP (a), tBAP and TRP (b), sBAP and SP (c), sBAP and SRP (d). 

 

3.2 Impact of different P removal processes 

Figs. 2 and 3 below showed the average difference in P speciation and BAP for the effluents from 

the four different treatment processes. Higher chemical doses in dual stage filtration systems, like 

continuous backwash gravity sand filters and other filtration processes were quite effective at reducing 

d. 

cc. 
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inorganic P and especially SRP, via flocculation and coagulation with alum or ferric iron. In the final 

effluents from these systems, SRP averaged 34 ± 16% of TP. The P speciation results also indicated that 

the MBR systems were particularly efficient in removing PP, (which was only 13 ± 9% of TP). 

However, this was expected since these systems employed membranes for filtration. There was a 

substantial portion of SnRP (35 ± 14%) in the EBPR effluents without chemical addition. The SnRP 

fraction is commonly assumed to include recalcitrant P components, which are both difficult to remove 

from wastewater and less bioavailable for algae. The average BAP fraction varied from 31% (for Dual 

stage tertiary with chemicals) to 41% (for EBPR without chemical additions).  

 
Fig. 2. P concentrations comparison for four P removal process categories. 
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Fig. 3. BAP% comparison for four P removal process categories. 

In general, tBAP% declined with the final effluent P. The ten effluents with the lowest tBAP are 

shown in the Fig. 4. In the first stage of the continuous backwash gravity sand filters process in Hayden 

Wastewater Research Facility (Hayden WRF), TP was reduced to 69 ± 18 µg·L-1. After the second stage, 

TP was reduced to 36 ± 9 µg·L-1, with only 33 ± 15% bioavailable (tBAP = 12 ± 7 µg·L-1). In the 

effluent from the Ruidoso Village Regional Wastewater Treatment Plant (Ruidoso Village RWTP), TP 

was 51 ± 17 µg·L-1 with 32 ± 13% bioavailable. In the final effluent from Broad Run Water 

Reclamation Facility (Broad Run WRF), TP was only 24 ± 7 µg·L-1 with 9 ± 3 µg·L-1 tBAP. Of the 

three technologies tested in the Coeur d’Alene pilot Advanced Wastewater Treatment Facility (Coeur 

d’Alene AWTF) [Membrane Bio-reactor (Coeur d’Alene-MBR), Tertiary Membrane Filtration (Coeur 

d’Alene-TMF) and continuous backwash gravity sand filters process (Coeur d’Alene-CUMF)], effluents 

from the Coeur d’Alene-TMF process had the lowest tBAP (which had 4 ± 2 µg·L-1) out of 13 ± 5 

µg·L-1 of TP compared to Coeur d’Alene-MBR and Coeur d’Alene-CUMF (tBAP = 15 ± 8 µg·L-1 and 6 

± 3 µg·L-1, respectively). Three chemical filtration systems, i.e., the P removal process at the Farmers 

Korner Wastewater Treatment Plant (Farmers Korner WTP), the Metropolitan Syracuse Wastewater 

Treatment Plant (Metropolitan Syracuse WTP) and the Iowa Hill Wastewater Treatment Plant (Iowa 

Hill WTP) obtained extremely low tBAP concentration (i.e., 5 ± 3 µg·L-1, 3 ± 2 µg·L-1 and 3 ± 1 µg·L-1, 
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respectively). These systems also had very low tBAP% values (i.e., 15 ± 8%, 8 ± 4% and 17 ± 2%, 

respectively).  

 
 Fig. 4 tBAP concentration (µg/L), TP concentration (µg/L), tBAP% (%) and TP permit limit (µg/L) for 

10 effluents with lowest tBAP. (Note: HWRF-1st BW: Hayden Wastewater Research Facility continuous backwash gravity 

sand filters process 1st stage. RVRWTP: Ruidoso Village Regional Wastewater Treatment Plant. CDA-MBR: Coeur d’Alene Advanced 

Wastewater Treatment Plant Membrane Bio-Reactor. HWRF-2nd BW: Hayden Wastewater Research Facility continuous backwash 

gravity sand filters process 2nd stage. BRWRF: Broad Run Water Reclamation Facility. CDA-CUMF: Coeur d’Alene Advanced 

Wastewater Treatment Plant continuous backwash gravity sand filters process. FKWTP: Farmers Korner Wastewater Treatment plant. 

CDA-TMF: Coeur d’Alene Advanced Wastewater Treatment Plant Membrane filter. MSWTP: Metropolitan Syracuse Wastewater 

Treatment Plant. IHWTP: Iowa Hill Wastewater Treatment Plant.) 

 

3.3 Impact of chemical addition 

The effect of primarily biological and primarily chemical based P removal processes (alum or ferric 

based) was assessed by comparing the phosphorus characteristics of two biological based processes 

(North Durham Water Reclamation Facility and Snoqualmie Wastewater Reclamation Facility) against 

13 chemical based processes. We also compared the effluents from the combined biological 

removal/membrane and chemical (alum) removal/membrane systems operated in Coeur d’Alene, which 

is particularly insightful since these systems treated the same waste stream. The differences between the 
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biologically and chemically based processes were assessed using t-tests (two-tailed, heteroscedastic) of 

log transformed concentrations. Table 2 compares the P speciation and bioavailability for the two plants 

that did not have chemical addition to the thirteen systems that used alum or ferric addition. These data 

show concentrations were statistically significantly higher in the biologically based systems for all 

forms considered, and the proportion of the phosphorus that was bioavailable was also higher.  

However, the percent composition as operationally defined was not different. The net effect of higher 

concentrations and higher relative bioavailability was a 5.5 times higher tBAP concentration in the 

biologically based systems.   

The biological and chemical-based membrane systems at Coeur d’Alene Advanced Wastewater 

Treatment Plant both had very low phosphorus concentrations, probably on account of the effectiveness 

of the membrane component of these combined systems (Table 3). However, in this case differences in 

the effectiveness of biological versus chemically based processes were also clearly evident. The 

biologically based process had 3-4 times higher concentrations for all of the P forms considered, except 

particulate P - which was extremely low in both effluents as expected for membrane systems.  
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Table 2 Comparison of biological process and chemical process with t-test. 

  

  

Biological 
Process (n=8) 

Chemical 
Process (n=57) t-test log  

P 
sp

ec
ia

tio
n 

(µ
g/

L)
 

TP 380 ± 454 64 ± 56 0.00a 

SP 293 ± 386 47 ± 53 0.01a 

TRP 201 ± 225 42 ± 48 0.00a 

SRP 177 ± 202 32 ± 48 0.00a 

SnRP  115 ± 208 15 ± 12 0.02a 

PP 87 ± 89 17 ± 13 0.00a 

tBAP 151 ± 172 27 ± 33 0.00a 

sBAP 140 ± 183 20 ± 30 0.00a 

P 
co

m
po

si
tio

n 
(%

) 

SP% 71 ± 21 69 ± 20 0.90 

TRP% 56 ± 18 60 ± 20 0.62 

SRP% 47 ± 21 41 ± 25 0.20 

SnRP% 24 ± 14 28 ± 15 0.71 

PP% 29 ± 21 31 ± 20 0.80 

tBAP% 43 ± 12 35 ± 19 0.02a 

sBAP% 49 ± 11 34 ± 17 0.00a 

R
at

io
 

tBAP/TRP 0.79 ± 0.18 0.59 ± 0.24 0.01a 

sBAP/SRP 0.78 ± 0.20 0.62 ± 0.28 0.05a 

sBAP/SP 0.49 ± 0.11 0.34 ± 0.20 0.00a 

 

                                                 
a the difference is significant with P less than 0.05 
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Table 3 Comparison of MBR and TMR in Coeur d’Alene Advanced Wastewater Treatment Plant with 

t-test. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

  CDA-MBR (n=5) CDA-TMF (n=5) t-test log  

P 
sp

ec
ia

tio
n 

(µ
g/

L)
 

TP 45 ± 19 13 ± 5 0.00a 

SP 43 ± 18 13 ± 5 0.00a 

TRP 25 ± 14 7 ± 3 0.02a 

SRP 23 ± 13 6 ± 3 0.01a 

SnRP  20 ± 5 7 ± 3 0.00a 

PP 1 ± 1 0 ± 0 0.15 

tBAP 15 ± 8 4 ± 2 0.00a 

sBAP 10 ± 3 2 ± 1 0.00a 

P 
co

m
po

si
tio

n 
(%

) 

SP% 98 ± 2 99 ± 2 0.47 

TRP% 53 ± 10 56 ± 11 0.65 

SRP% 49 ± 10 44 ± 11 0.43 

SnRP% 48 ± 11 55 ± 14 0.53 

PP% 2 ± 2 1 ± 2 0.37 

tBAP% 35 ± 8 28 ± 10 0.28 

sBAP% 26 ± 9 17 ± 5 0.08 

R
at

io
 

tBAP/TRP 0.68 ± 0.21 0.53 ± 0.21 0.29 

sBAP/SRP 0.56 ± 0.29 0.39 ± 0.13 0.30 

sBAP/SP 0.26 ± 0.09 0.17 ± 0.05 0.08 

 

                                                 
a the difference is significant with P less than 0.05 
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3.4 Comparison of tBAP and sBAP 

  Phosphorus bioavailability studies that focus on particulate P autoclave the samples prior to 

conducting the bioassay experiments to kill endogenous algae (e.g., Ellison and Brett 2006), whereas 

some studies that examine the bioavailability of dissolved P only use filtration to remove endogenous 

algae.  In this study, we conducted bioassay experiments on both bulk autoclaved and filtered dissolved 

samples for every single sample processed. The total bioavailable P (tBAP) as determined for the bulk 

autoclaved samples was very highly correlated with the soluble bioavailable P (sBAP) for the filtered 

samples; r2 = 0.90, n = 75.  The average percentage BAP for the bulk fraction was similar to that for the 

soluble fraction (i.e., tBAP/TP = 36 ± 17% vs sBAP/SP = 34 ± 19%, respectively)  (Fig. 5).  

 

Fig. 5. Comparison of autoclaved and filtered BAP. 

3.5 Comparison of filter size 
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classification. Fourteen effluent samples received between April 2011 and June 2011 were filtered 

through both filter sizes and analyzed for SP and SRP. In the results shown in Fig. 6, the filtrate of 

effluent samples after 0.2 µm filtration had slightly lower SP and SRP concentrations than the samples 

passed through a 0.45 µm filter, with a very high correlation between the two sets of samples (r2=0.999).  

 

Fig. 6. Comparison of SP and concentration from samples passed through 0.45 µm and 0.2 µm filter 

size. (n=14) 

 

4. Discussion 

It has long been known that P is the main cause of eutrophication in many freshwater ecosystems 

(Schindler et al. 2008). Since the availability of P to the microbial plankton community can impact 

primary production rates, understanding the factors that affect bioavailability and determining the best 

predictor of BAP have important implications for developing eutrophication reduction strategies. Our 

0 

100 

200 

300 

400 

500 

0 100 200 300 400 500 

0.
2 
µm

 P
 (µ

g/
L

) 
 

0.45 µm P (µg/L) 

SRP 

SP 

  (0.2m) = 0.97 SRP (0.45µm)    (R2 = 0.999) 

  (0.2m) = 0.98 SP (0.45µm)    (R2 = 0.999) 



 56 

study examined the statistical association between operational phosphorus categories and BAP in order 

to determine an alternative predictor for the bioavailable fraction. We found that TRP, amongst all the 

operational categories tested, was the best predictor for the total bioavailable fraction in the WWTP 

effluents (r2 ≈ 0.81). Furthermore, the tBAP/TRP ratio of 0.61 ± 0.24 indicates that while TRP is a good 

predictor of tBAP, “reactive” P is not synonymous with bioavailable P as commonly assumed. The 

comparison of the TP and tBAP% in the different processes indicated higher chemical doses might be 

able to achieve lower TP with a smaller fraction of the P being bioavailable. Our results also show 

certain tertiary processes are more efficient in reducing tBAP than others.   

The algal bioassay method has the potential to resolve some of the missing links between the 

chemical P analyses and the P species that can be utilized by algae thereby promoting eutrophication. 

However, algal bioassays are quite time consuming and are therefore not practical for routine analyses. 

Therefore, this study tested whether more conventional, and easily carried out, measures of P 

composition from classic chemical analyses could be used in place of BAP to quantify the 

eutrophication potential of effluents. This was done by comparing the BAP values with operational 

phosphorus characterizations, such as SRP, SP or TRP, which are much faster and less lab and cost 

intensive than algal bioassays. It has been previously noted that P concentrations derived from classic 

acid molybdate analyses are a poor estimator of the actual bioavailable fraction (Hudson et al. 2000, 

Bradford and Peters 1987, Smith et al. 1999, Ekholm and Krogerus 2003). It is conceivable that a 

significant fraction of TP is not readily bioavailable for algae. Thus merely using TP as an indicator of 

BAP is problematic from a management perspective as this would greatly underestimate the 

eutrophication potential of some phosphorus sources, such as effluents from conventional 

primary/secondary wastewater treatment processes with relatively high bioavailability, and overestimate 

the potential of others, such as non-point sources and effluents from advanced tertiary treatment 

facilities with extremely low TP and BAP% (Ellison and Brett 2006, Li and Brett 2012).   
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The average ratio of 0.61 ± 0.24 between tBAP and TRP is similar to previous results where the 

tBAP/TRP ratio averaged 0.44 ± 0.40 for effluents from a Spokane City Pilot Plant (Li and Brett 2012). 

This ratio suggests that TRP could be used in place of BAP as a conservative measure of the 

eutrophication potential of wastewater effluents. Moreover, this result indicated that the total BAP of the 

effluent was only ≈ 60% of the "reactive" P concentration averaged across all the effluent samples we 

assessed. Thus we conclude the P conventionally categorized as chemically reactive is not entirely 

bioavailable for algal utilization. The fraction that was molybdate-acid reactive could be comprised of 

recalcitrant P forms such as large humic-metal-P complexes that are too large to be utilized by algae or 

bacteria, or by apatite which also aliases as reactive but has low bioavailability (Li and Brett 2013a).  

Because it is impossible to physically separate the "dissolved organic P" (which is generally 

assumed to be equivalent to DOP = SP - SRP) from SRP, the individual bioavailability could not be 

calculated for these two components of the dissolved P pool. One interpretation of these data is that 

most of the P that classified as SRP was bioavailable (i.e., ≈ 60%), whereas much of what would 

classify as DOP was not bioavailable. Regardless, our results clearly show that much of the dissolved P 

in the advanced P removal effluents we tested, whether SRP or DOP, has low algal bioavailability. This 

observation is consistent that made from experiments conducted on individual P containing compounds 

that showed several dissolved P compounds had very low bioavailability (i.e., ferric pyrophosphate and 

etc.) (Li and Brett 2013a). Bradford and Peters (1987) also noted that a substantial proportion of the SP 

from lake water was not utilized by the phytoplankton community. sBAP is generally thought to be 

lower than SP because not all of the soluble P is bioavailable, and there may be a substantial pool of 

both inorganic and organic P which is biologically recalcitrant. SRP is generally assumed to be mostly 

orthophosphate, which is commonly believed to be entirely bioavailable for planktonic algae and 

bacteria. However, Hudson et. al. (2008) suggested that some phosphorus that operationally classifies as 

SRP when environmental P concentrations are low may actually consist of recalcitrant colloidal or 

polymerised P rather than true phosphate (Hudson et al. 2000). Furthermore, in lake sediments, 
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phosphate could be released to the soluble phase due to changes in oxygen concentration or released 

from metal complexes because of the sorption-desorption reactions between orthophosphates and 

redox-sensitive metals (Reynolds and Davies 2001, Bostrom et al. 1988). Our results suggest using SRP 

to estimate sBAP will overestimate the real sBAP but much less so than using SP to estimate sBAP. Our 

results also suggest there are components of the dissolved P pool which alias as SRP in the analytical 

protocol, but which are not actually bioavailable for algae.  

  This study clearly showed that phosphorus bioavailability and composition varies with the nutrient 

removal process as well as between individual treatment plants. Overall an average >50% of the effluent 

P was recalcitrant relative to algal growth. Conversely, the effluents from conventional secondary 

wastewater treatment plants usually have BAP% > 80% (Li and Brett 2012). Most of the advanced 

wastewater treatment technologies were able to get tBAP% below 50%. In some cases, the tertiary 

treatment processes decreased tBAP to ≈ 10% of TP. This suggests that tertiary treatment processes can 

be very efficient in removing the most bioavailable P components thereby significantly reducing the 

potential impact on receiving waters. Chemical addition during filtration markedly decreased the portion 

that can be easily utilized by phytoplankton as the SRP in effluents from the plants with chemical 

addition was 33% lower than for the effluents without chemical treatment. Although there was more 

particulate P from the chemical treatment plants, this fraction can be readily removed through filtration. 

The bioavailable phosphorus fraction was also substantially decreased by chemical addition. The 

average tBAP% in the EBPR treatment systems without chemical addition was 41 ± 7% while the 

average tBAP% for the processes with chemical addition was reduced to 35 ± 15%. These results 

indicate chemical addition is warranted if low %BAP in the effluent is necessary to protect receiving 

waters.  

 In the ten processes, which had lowest effluent tBAP, relatively high chemical doses (ranging from 

6 mg·L-1 to 100 mg·L-1 Fe or Al) and intensive chemical P removal processes were used to achieve low 

TP concentrations. Most of these facilities have been recently built or upgraded to comply with more 
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rigorous TMDL permit limits as indicated in the Fig. 4. In six cases, a future limit of 36 µg·L-1 has been 

proposed. In particular, a TMDL permit limit of 20 µg·L-1 starting December, 2015, has been proposed 

for the Metropolitan Syracuse WTP. 

 A variety of tertiary systems here been tested in these plants to determine the most efficient P 

removal processes. In these processes, three types of technologies, i.e., continuous backwash gravity 

sand filters, Membrane Bio-Reactor (MBR) and media or membrane filtration with high chemical doses, 

appeared to have the highest potential to remove most bioavailable P. A two-stage continuous backwash 

gravity sand filters reactive filtration process was installed as tertiary treatment for a slipstream of the 

secondary effluent at the Hayden WRF. Ferric iron (Fe) was dosed before the first stage (15 mg·L-1 as 

Fe) and second pass (10 mg·L-1as Fe). Samples were collected immediately before and directly after the 

second Fe dose. The same process was tested at the Coeur d’Alene pilot AWTF with a Ferric addition of 

76 mg·L-1 at the first stage and 45 mg·L-1 at the second stage. The effluents from the two stages of 

Hayden WRF and the final effluent from Coeur d’Alene pilot AWTF reached a similar low tBAP% of 

around 35% with tBAP of 23 ± 5 µg·L-1, 12 ± 7 µg·L-1 and 6 ± 3 µg·L-1, respectively.   

  In the Ruidoso Village RWTP, there is an anaerobic tank before Biological Nitrogen Removal 

(BNR) followed by a MBR which used A2O (Anaerobic-Anoxic-Oxic) treatment plus membrane 

filtration. Alum (6.3 mg·L-1) is added in this BNR process. The effluent samples were collected from 

the MBR system tested in the Coeur d’Alene AWTF when it did not apply any chemical addition. Broad 

Run WRF uses a MBR with Enhanced Biological P removal (EBPR) with 9.4 mg·L-1 of Alum. Even 

though there was no or low chemical addition in these MBR systems, the tBAP concentrations were still 

below 20 µg·L-1 in the effluents. These results suggest biological P removal with modest chemical 

addition, which removes bioavailable P, plus a membrane system to target particulate P can also achieve 

efficient tBAP removal.    
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 The last four treatment plants (Farmer Korner WTP, Coeur d’Alene-TMF, Metropolitan Syracuse 

WTP and Iowa Hill WTP) which used aggressive chemical filtration or membrane treatment with a 

chemical dose over 30 mg·L-1 of Alum, had tBAP ≤ 5 µg·L-1 in their final effluents. In the FKWTP, a 

system with high-rate settling and mixed media filtration was used as the tertiary process after 

biological nutrient removal. This process includes chemical coagulation and flocculation using a 

polymer and alum (100 mg·L-1 as alum) followed by clarification via tube settlers and filtration through 

mixed media bed filters. In the Coeur d’Alene-TMF process, the secondary clarifier effluent is treated 

with a 50 mg·L-1 alum addition followed by membrane filtration. In the full scale (84.2 MGD capacity) 

Metropolitan Syracuse WTP in Syracuse, New York, active sludge BOD removal and biological aerated 

nitrification is used for secondary treatment followed by a high rate flocculated settling (HRFS) process 

with a ferric chloride addition (≈ 15 mg·L-1 as Fe). The P removal in Iowa Hill WTP is accomplished by 

activated sludge biological treatment, biological aerated nitrification, chemical coagulation using alum 

and polymer (100 mg·L-1 as dry alum), flocculation and clarification using a tube settler, followed by 

sand single stage filtration. The bioassay results from these effluents indicated chemical filtration or 

membrane processes with intensive chemical addition substantially modified P speciation in the final 

effluent and resulted in the P in the effluents being much less bioavailable.  

 Previous research showed autoclaving soil samples increased the estimated BAP by approximately 

60% compared to un-autoclaved samples, but that the linear relationship between autoclaved and 

un-autoclaved samples was quite strong, i.e., r2 = 0.9 (Anderson and Magdoff 2005). There is evidence 

that phosphorus may be liberated by phosphatase enzymes when lake water is autoclaved indicating 

organic P might be hydrolyzed to soluble reactive phosphate during autoclaving (Jansson 1977). Our 

results were similar to previous studies showing sBAP averages 70% of tBAP (Bradford and Peters 

1987). We interpret this as evidence that a substantial fraction of the particulate P is bioavailable. 

Because tBAP determinations were generally higher than sBAP, we feel it is best to base our main 
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conclusions on the bulk bioavailable P fraction in order to provide the most conservative estimates of 

WWTP effluent eutrophication potential. 

Standard Methods suggests using a 0.45 µm filter to separate the dissolved and particulate P fractions 

(American Public Health et al. 2005). However, some authors have suggested colloidal P species in the 

0.2-0.45 µm size range could in some cases be a substantial fraction of the dissolved P (Turner et al. 

2004). Conversely, our results indicate that P species in the 0.2 to 0.45 µm size range only accounted for 

2-3% of the TP. Thus, using either a 0.2 or 0.45 µm filter pore size only had a minimal effect on our P 

classification. Further, using a 0.45 µm filter to differentiate the soluble and particulate fractions is more 

advisable since it will provide a more conservative value for the soluble fraction which normally has 

higher bioavailability. 

5. Conclusions 

The results of this study should encourage water quality modelers and TMDL permit writers to 

consider the importance of BAP when assessing the likely ecological impacts of municipal nutrient 

removal facility effluent discharges. The use of TRP in lieu of the BAP bioassay may provide a fast, 

simple and conservative monitoring parameter for effluent P. A high percentage (≥ 40%) of TP 

classified as SRP but much of this SRP was not bioavailable. This study indicates that P removal 

processes employing high chemical doses for flocculation followed by filtration most effectively 

removed the bioavailable P fraction. Furthermore, our results show that BAP concentrations in 

autoclaved samples were consistently higher than for filtered samples suggesting autoclaved BAP 

samples are a more conservative because they include the particulate P fraction which may also be 

bioavailable. Future research on the conservative estimates of soluble organic P mineralization rates 

from bioassay experiment could provide better insights to integrate bioavailability of P into 

eutrophication management models. 
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Supplemental Information: 

Table 1. General Plant Information 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
 
 
 
 
 
 
 

Plant  Abbreviation Capacity  Chemical 
Addition 

Permit 
(mg/L) 

Effluent TP 
conc. 

(mg/L) 
Location Sampling 

# 

EBPR with no chemical addition 
Coeur d’Alene Advanced 
Wastewater Treatment Plant - 
Membrane Bio-Reactor  

CDA-MBR 0.05 
MGD None 0.036 0.045 Coeur D'Alene, 

ID 5 

Snoqualmie Wastewater 
Reclamation Facility   SWRF 3 MGD None NA  0.139 Snoqualmie ,WA 3 

North Durham Water 
Reclamation Facility  NDWRF 20 MGD None 0.5 0.524 Durham, NC 5 

MBR Processes with chemical addition 
Broad Run Water Reclamation 
Facility BRWRF 11 MGD 9.4 mg/L as 

Alum 0.1 0.029 Loudoun, VA 5 

Ruidoso Village Regional 
Wastewater Treatment Plant RVRWTP 1.9 MGD Alum 0.1 0.051 Ruidoso, NM 5 

Single stage tertiary - with chemical addition 
Coeur d’Alene Advanced 
Wastewater Treatment Plant – 
Tertiary Membrane Filter 

CDA-TMF 0.05 
MGD 

50 mg/L as 
Alum 0.036 0.013 Coeur D'Alene, 

ID 5 

Metropolitan Syracuse 
Wastewater Treatment Plant MSWTP 84.2 

MGD 
30 mg/L as 

Ferric Chloride 0.020 0.041 Syracuse, NY 5 

Blue Plains Advanced 
Wastewtaer Treatment Plant BPAWTP 370 MGD 2-3 mg/L as 

Ferric Chloride 0.18 0.068 Washington, DC 5 

Hayden Wastewater Research 
Facility continuous backwash 
gravity sand filters process 1st 
stage 

HWRF-1st 
BW 1.2 MGD 15 mg/L as Fe  0.036 0.069 Hayden, ID 5 

City of Las Vegas Water 
Pollution Control Facility  LVWPCF 91 MGD Alum 0.1 0.094 Las Vegas, NV 1 

South Durham Water 
Reclamation Facility  SDWRF 20 MGD Alum 0.23 0.195 Durham, NC 5 
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Table 2 Treatment Process Information.(Note: "Yes" - the process is applied; "No" - the process is not 

applied; "-" - no chemical addition; "alum" - with alum addition; "ferric" -with ferric addition.) 

 

 

 

 

 

 

 

Plant  Abbreviation Primary 
Secondary Tertiary 

Secondary 
EBPR Clarifier Membrane 

Floc/  
Sedimentation Membrane Filter 

2nd 
Filter 

EBPR with no chemical addition 

Coeur d’Alene Advanced 
Wastewater Treatment Plant - 
Membrane Bio-Reactor  

CDA-MBR Yes, – Yes, –   Yes, –         

Snoqualmie Wastewater 
Reclamation Facility   

SWRF   Yes, – Yes, –       Yes, –   

North Durham Water 
Reclamation Facility  

NDWRF Yes, – Yes, – Yes, –       Yes, –   

MBR Processes with chemicals 

Broad Run Water 
Reclamation Facility 

BRWRF Yes, 
alum Yes, –   Yes,alum         

Ruidoso Village Regional 
Wastewater Treatment Plant 

RVRWTP   Yes , –   Yes,alum         

Single stage tertiary - with chemicals 

Coeur d’Alene Advanced 
Wastewater Treatment Plant – 
Tertiary Membrane Filter 

CDA-TMF Yes, – No, alum Yes, –     Yes, alum     

Metropolitan Syracuse 
Wastewater Treatment Plant 

MSWTP Yes, – No, – Yes, 
ferric   Yes, ferric       

Blue Plains Advanced 
Wastewtaer Treatment Plant 

BPAWTP Yes, 
ferric No, – Yes, –       Yes, –   

Hayden Wastewater Research 
Facility continuous backwash 
gravity sand filters process 1st 
stage 

HWRF-1st 
BW   No, – Yes, –       Yes, 

ferric   

City of Las Vegas Water 
Pollution Control Facility  

LVWPCF Yes, 
ferric 

Yes, 
partial Yes, –       Yes, 

alum   

South Durham Water 
Reclamation Facility  

SDWRF Yes, – Yes, – Yes, 
alum       Yes, –   

Dual stage tertiary - with chemicals 

Iowa Hill Wastewater 
Treatment Plant 

IHWTP   No, – Yes, –   Yes, alum   Yes, –   

Coeur d’Alene Advanced 
Wastewater Treatment Plant - 
continuous backwash gravity 
sand filters process 

CDA-CUMF Yes, – No, alum Yes, –       Yes, 
ferric 

Yes, 
ferric 

Hayden Wastewater Research 
Facility continuous backwash 
gravity sand filters process 
2nd stage 

HWRF-2nd 
BW   No, – Yes, –       Yes, 

ferric 
Yes, 
ferric 
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ABSTRACT:  

Given the importance of the watershed protection plans, direct determination of phosphorus (P) 

mineralization rates in advanced wastewater treatment facility effluents is crucial for developing the 

most protective strategies for minimizing eutrophication in receiving surface waters. In this study, 

bioassays were used to determine the mineralization rate of dissolved P in effluents from a broad range 

of advanced nutrient removal technologies (Membrane Biological Reactor, traditional biological, 

tertiary membrane, Blue PROTM, and etc.). Mineralization kinetics were described by a gamma model 

and three first-order decay models. A traditional one-pool model correlated poorly with the 

experimental data (i.e., r2= 0.73 ± 0.09), whereas two-pool model and three-pool model performed much 

better (i.e., r2> 0.9). These models provided strong evidence for the existence of recalcitrant P in the 

effluents from these tertiary facilities. The Gamma model showed the mineralization of organic P 

followed a reactive continuum and further suggested the partitioning of P loads with different 

bioavailability levels should be accounted for the future modeling practices. From the modeling 

perspective, although the gamma model should be considered as theoretically correct model, the results 

also suggested simpler two-pool model and three-pool model could provide similar fit depending on the 

effluents.  

Key Words: Phosphorus Uptake Model, Bioavailability of Phosphorus, TMDL, Nutrient Removal 
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1. Introduction 

Among the environmental factors acting as accelerators of eutrophication, phosphorus (P) is the 

most widely investigated because of the recognition that it is the most controllable of the limiting 

nutrients (Schindler et al. 2008, Gurkan et al. 2006).	
  Extensive efforts have been devoted to developing 

management schemes for P loading control in impaired surface water systems. Phosphorus in 

Wastewater Treatment Plant (WWTP) effluents and natural systems is found in a variety of forms 

including dissolved inorganic phosphate, dissolved organic compounds, and both organic and inorganic 

molecules attached to particulate matter (Bradford and Peters 1987, Dodds 2003, Li and Brett 2013b). 

Several studies have demonstrated that certain organic P forms are highly bioavailable for 

phytoplankton (Cotner and Wetzel 1992, Bostrom et al. 1988, Li and Brett 2013a). Other studies have 

demonstrated that a majority of the dissolved P in some advanced P removal effluents is recalcitrant and 

probably undergoes much slower uptake and utilization (Christen 2007, Effler et al. 2012, Li and Brett 

2012, 2013b). Bioassays with pure P compounds further suggested this recalcitrant fraction consist of 

molecules that are too large to be hydrolyzed or are bounded in humic complexes that cannot be cleaved 

free by the enzymes typically used by phytoplankton or bacteria (Li and Brett 2013a, Gerke 2010). 

Assigning the same uptake rate for this recalcitrant pool as for other organic P fractions is problematic 

and could introduce a substantial prediction error in water quality models. Understanding and 

characterizing the uptake kinetics of P with slower turn overtimes is therefore crucial from management 

perspective.  	
  

Although several studies have investigated potential phosphorus mineralization rates in natural 

waters or sediments, little is known about the biological uptake mechanism for the dissolved organic P 

in advanced WWTP effluents (Wilson et al. 2010, Reitzel et al. 2007). Nevertheless, the function 

embedded in most water quality models to represent the mineralization process from organic to 

inorganic P is generally described by first-order kinetics with a single constant decay coefficient, k. This 

statement that all organic P compounds decompose at same rate has long been challenged since 
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numerous studies on natural organic matter have shown considerable heterogeneity for the 

biodegradation kinetics of different organic species (Guillemette and del Giorgio 2011, Giorgio and 

Davis 2003, Vahatalo et al. 2010). Ahlgren et al. (2005) distinguished individual components of organic 

P by 31P NMR technology and found certain forms of organic P in lake systems, such as pyrophosphate, 

are mineralized to PO4 with a half-life time of 10 years; whereas mono- and diseter-P compounds may 

persist for several decades in sediments (Ahlgren et al. 2005). To partition the bioavailability gradient 

that might exist in the organic compounds, first-order decay functions with multiple terms (commonly 

two or three) have been proposed to represent the various pools of organic matter (Ogura 1975, Harmon 

et al. 2009, Westrich and Berner 1984). This approach can differentiate the organic compounds into 

several classifications with specific decay rates designated individually.	
    

 

Where, C tot,t = total bioavailable fraction;  

Ci,0 = bioavailable fraction in i pool;  

ki = mineralization rate in i pool; 

t = mineralization time. 

 Another alternative is the Gamma model which was first used to characterize the decay of 

recalcitrant organic matter by Boudreau and Ruddick (Boudreau and Ruddick 1991). These authors 

hypothesized that organic matter bioavailability should vary along a continuum of highly available to 

very low availability according to the following function: 

C (k, 0) = C0 Γ(ν)-1 k ν-1 exp(-a*k) 

Where, C  = total bioavailable fraction;  
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C0 = initial concentration;  

k = mineralization rate; 

a = the average life-time of the more reactive components of the organic pool; 

ν = the shape of the distribution near k = 0. 

This reactivity continuum approach is featured with a time-variable function for the decomposition 

rate, k, and a spectrum of reactive forms that is a continuous definition of an infinite distribution 

(Boudreau and Ruddick 1991). In studies on natural organic matter (NOM), the Gamma model has been 

shown to characterize the biodegradation continuum in a realistic manner (Vahatalo et al. 2010).  

However, those models primarily characterized with the biodegradation of NOM, while the kinetics 

associated with the transformation of dissolved P remains unexplored. Although these Gamma models 

for NOM could potentially characterize dissolved P mineralization, they could not be used as surrogate 

due to the C to P ratio of NOM could vary greatly.   

 In Total Maximum Daily Loading (TMDL) analyses, an analysis of the non-point and point source 

pollution control actions that are needed to attain water quality standards are assessed with water quality 

models (Chapra 1997, EPA 2013b). To meet the increasing needs of addressing a broad range of 

watershed pollution issues, various modeling approaches have been developed, such as Stream Water 

Quality Model (QUAL2K), Water Quality Analysis Simulation Program (WASP), CE-QUAL-W2 

etc.(EPA 2013b) The majority of TMDL models adapted for regulating nutrient discharge permits 

estimate the P fraction in Wastewater Treatment Plant (WWTP) discharges that can be utilized by 

phytoplankton in natural systems using an effective mineralization rate for total P (TP) concentrations to 

soluble reactive P, regardless of the P composition (Water Quality Research Group 2010, Berger 2009). 

This assumption that a single rate can represent all potential mineralization paths greatly simplifies the 

complex phosphorus cycle. To improve evidence-based decision-making to minimize eutrophication 
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potential from WWTP effluent discharges, there is a need for more sophisticated TMDL modeling 

approaches backed by sound science. Thus, direct determination of dissolved P mineralization rate is 

critical in the TMDL assessment process and could influence the management decisions. 

In our study, algal nutrient uptake bioassay experiments were used to determine the loss rate of 

dissolved P from advanced WWTP effluents. It is assumed that the loss of P in this experimental system 

approximately corresponds to the mineralization of organic P to phosphate. We used conventional 

statistical tools to identify which P uptake kinetic models give the most parsimonious fit to the data in 

order to obtain a conservative measure of dissolved P mineralization rates. Ultrafiltration was used to 

size-fractionate P in the effluents and could enhance our understanding of recalcitrant P. The potential 

consequences of replacing the current two-pool P kinetic model with a more comprehensive Gamma 

model are discussed from a management perspective. The findings presented in this study could be used 

to guide future TMDL analyses and eutrophication modeling in lakes and reservoirs.   

2. Methods 

2.1 Sampling 

A total of 22 samples from five main Spokane Region effluents were analyzed: Spokane County 

Regional Water Reclamation Facility (SCRWRF), City of Post Falls Water Reclamation Facility 

(PFWRF), Hayden Wastewater Research Facility (HWRF), Coeur d’Alene Advanced Wastewater 

Treatment Plant (CDA) and Inland Empire Paper Company (IEP). The facility information are listed in 

Table 1. All the samples were 24-hour composite samples collected in one-liter acid washed (HCl) 

polyethylene bottles from as near the final outfall as practical at each plant from April 2011 to April 

2012. Samples were stored at 4 °C immediately after collection and shipped to our laboratory on ice and 

in the dark within 24 hours.  
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 Table 1. Facility Information. 

2.2 Chemical analyses 

Chemical analyses for each sample determined whether the phosphorus pool was reactive and/or 

dissolved according to the acid-molybdate spectrophotometric method described in Standard Methods 

4500-P. Four classic operational categories, total P (TP), total reactive P (TRP), dissolved P (DP), and 

dissolved reactive P (DRP) in the effluents could be directly measured and determined. TP was 

determined after 45 minutes of autoclave-mediated digestion (120 °C, 100 kPa, with K2S2O8 and 

H2SO4) of an unfiltered sample. TRP was determined using the same reaction on unfiltered samples 

without persulfate digestion. Samples for DP and DRP analyses (120 mL) were first filtered through a 

0.45 µm polycarbonate membrane filter (Millipore®). DP was measured after persulfate digestion while 

DRP was measured without persulfate digestion. Dissolved organic P (DOP) was calculated as the 

Plant Advanced Nutrient 
Removal Technology Capacity Chemical 

Addition Location Bioassay 
# 

Ultra-  
filtration 

# 

City of Post Falls Water 
Reclamation Facility 

(PFWRF) 

Biological Nutrient 
Removal 4 MGD None Post Fall, 

ID 5 2 

Spokane County 
Regional Water 

Reclamation Facility 
(SCRWRF) 

Chemically Enhanced 
Primary Treatment 

(CEPT) + Membrane 
Bioreactor (MBR) 

8 MGD 

CEPT: 20 mg/l 
as FeCl3 

MBR: 45 mg/l 
as FeCl3 

Spokane, 
WA 5 3 

Hayden Wastewater 
Research Facility 

(HWRF) 
Blue Pro® process 1.2 MGD 15 mg/L as Fe Hayden, 

ID 2 1 

Coeur d’Alene 
Advanced Wastewater 
Treatment Plant (CDA) 

Tertiary Membrane 
Filtration 

0.05 
MGD 

50 mg/L as 
Alum 

Coeur 
D'Alene, 

ID 
5 2 

Inland Empire Paper 
Company (IEP) Trident HS 0.8 MGD 1.6 – 2.1 mg/L 

as Alum 
Spokane, 

WA 5 2 
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difference between DP and DRP. Values for PP were estimated by subtracting DP from TP to represent 

the particulate phase.   

2.3 Algal bioassays  

The freshwater alga Pseudokirchneriella subcapitata (formerly Selenastrum capricornutum) was 

used for these experiments. As indicated by Standard Method 8111, P. subcapitata was maintained in 

synthetic nutrient growth media prior to and during the bioassay experiments (American Public Health 

et al. 2005, Miller et al. 1978). Seven to ten days prior to the bioassays, algae cultures were centrifuged 

and resuspended into P-free medium to induce P-stress according to Ellis and Stanford (1988) (Ellis and 

Stanford 1988). 

The effluents were filtered through a 0.45 µm filter. Eight hundred mL samples were transferred into 

1-L Erlenmeyer flasks, which were acid-washed (0.1 M HCl) and autoclaved prior to each experiment. 

0.8 mL of each component of the synthetic nutrient stock solution (1000X), except P, was added into the 

samples. Each treatment was run in triplicate. P-starved algae were added to the samples at a starting 

concentration of 2*105 cell·mL-1 to initialize the experiments.  Samples were incubated at 24 ± 2 ºC 

under continuous fluorescent lighting of 4300 ± 430 lm in a horizontal shaker at 110 rpm for 21 days 

(American Public Health et al. 2005, Miller et al. 1978). During the experiment, 50mL samples were 

transferred for DP analysis on days 0, 0.33, 1, 2, 4, 7, 10, 14 and 21. 80 mL samples were transferred for 

DRP analysis on day 0 and day 2. In the time course experiments, all nutrients (except P) were amended 

weekly to avoid limitation by other elements. Through maintaining optimum incubation environment 

and providing abundant nutrients, it is ensured that the potential growth rate of algae reached maximum 

and the utilization rates derived from these experiments were conservative compared to in situ 

condition.  

2.4 Model fitting 
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The loss of dissolved P in these experiments was fit to three first-order decay functions to obtain 

estimates of phosphorus mineralization kinetic (in units of day-1) (Table 2).  

One-pool model is the simplest with only single term with single mineralization rate. The initial DP 

concentration (C0) changes through the time with the same velocity k1. According to the theory of 

reactive continuum, the two terms in two-pool model could be interpreted as readily bioavailable and 

slowly bioavailable with their corresponding degradation rates (k1 and k2). A three-pool model increases 

complexity by introducing an additional term representing a recalcitrant P pool that might exist.    

Table 2. G models formula. 

First-­‐Order	
  Decay	
  Model	
   Formula	
  

One-pool model 
Ct = C1exp (-k1

 
t) 

Two-pool model 
Ct = C1exp (-k1t) + C2exp (-k2t) 

Three-pool model 
Ct = C1exp (-k1t) + C2exp (-k2t) + C3 

 

A Gamma model was also tested to characterize a biodegradation continuum. This infinite k-range 

Gamma distribution is characterized by two free parameters, “a” measures the average life-time of the 

more reactive components of the organic P pool and “ν” describes the shape of the distribution near k = 

0.   

Ct = C0 (a (a+t)-1) ν 

    The average first-order decay coefficient k is time dependent. Its value was estimated as below: 

k = ν (a+t)-1 

   The Solver in Excel was used to minimize the error sum of squares in order to determine which 

model gives the most parsimonious fit to the data.  
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The Akaike Information Criterion (AIC) statistic was used to determine which P kinetics model 

gave the most parsimonious fit to the experimental data (Akaike 1974). The AIC determine which 

model gives the best fit with the fewest parameters (Akaike 1974).  

AIC = NLog(ESS/N) + 2(nv+1), 

Where, N = the sample size, 

ESS = the error sum of squares, and 

nv + 1 represents the number of variables in the model plus the variance. 

    These models were then assessed according to the ∆ AIC criterion (Burnham 2002), which is 

calculated as:  

∆ AIC = AICi – min AIC, 

Where, AICi represents the AIC value for model i, and 

min AIC represents the lowest AIC value observed in the population of models assessed. 

    When there are multiple models with ∆ AIC values < 3, it is recommended to develop weighted 

multi-model estimates (Burnham 2002). In order to do this it is necessary to calculate Akaike Weights 

which indicate the probability that a particular model is the best model amongst the population of 

models considered. Akaike Weights were calculated accordingly:  

Akaike Weight = exp(-∆AICi/2)/∑exp(-∆AIC/2) 

According to the Akaike weight criteria, models with higher Akaike Weights can be interpreted to 

have a higher probability of being the best model.   

2.5 Ultrafiltraion      

   The effluent samples were fractionated into five fractions using a Millipore 8400 ultrafiltration 

system. The ultrafiltration membranes (Millipore) used had nominal molecular weight cutoffs of 3, 10, 

30 and 100 kDa. The membranes were pre-soaked at least overnight and filtered using Milli-Q water for 

half an hour prior to each filtration to remove organic matter attached to the membranes. 150 mL 
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effluent samples were filtered through the membrane at a maximum pressure of 20 psi for phosphorus 

characterization. 

3. Results 

The chemical P speciation suggested SCRWRF and CDA removed most of PP through membrane 

treatment while PP still comprised a significant portion (>30%) of the TP for samples from PFWRF, 

HWRF and IEP (Figure 1). After filtration, the starting dissolved P concentrations in the effluents from 

PFWRF and SCRWRF (103 ± 54 µg/L and 55 ± 8 µg/L, respectively) were higher than IEP, HWRF, 

and CDA (27 ± 4 µg/L, 23 ± 2 µg/L, and 12 ± 4 µg/L respectively). In the dissolved phase, the fractions 

operationally identified as reactive P in effluents from HWRF, CDA and IEP were remarkably low (<7 

µg/L) compared to others (Figure 1).  

During the course of experiment, the DRP was depleted in first 2 days as shown in Figure 2. On day 

2, the DRP concentration in the effluents from SCRWRF, HWRF and CDA was only 1 µg/L. In the 

effluents from IEP and PF, the averaged DRP were 3 µg/L and 4 µg/L, respectively.  

Figure 1. P speciation in the effluents. Note: the error bars represented the standard deviations of total P.  

  

Figure 2. DRP concentration in Day 0 and Day 2. 
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The model fitting results for first-order kinetic models and Gamma model were listed in Table 3 and 

Table 4.   

Table 3. G model results for 5 different effluents 

Facility 
 

C1 C2 C3 K1 K2 r2 

PF 
1 pool  103 ± 54 

   
      0.39 ± 0.35       0.741 ± 0.138 

2 pool 61 ± 44 42 ± 10 
   

5.00 ± 2.07 0.04 ± 0.02 0.988 ± 0.005 
3 pool  48 ± 23 38 ± 32 17 ± 10 8.31 ± 3.69 0.21 ± 0.22 0.995 ± 0.004 

SCRWRF 
1 pool  55 ± 8 

   
      0.97 ± 0.60       0.835 ± 0.062 

2 pool 37 ± 9 18 ± 2 
   

4.16 ± 1.50 0.03 ± 0.00 0.990 ± 0.007 
3 pool  34 ± 7 12 ± 4 9 ± 5 6.49 ± 5.70 0.20 ± 0.16 0.992 ± 0.008 

HWRF 
1 pool  23 ± 2 

   
      0.06 ± 0.01       0.757 ± 0.077 

2 pool 8 ± 0 14 ± 2 
   

0.85 ± 0.52 0.01 ± 0.00 0.971 ± 0.002 
3 pool  8 ± 0 14 ± 2 0 ± 0 0.86 ± 0.53 0.01 ± 0.00 0.971 ± 0.002 

CDA 
1 pool  12 ± 4 

   
      0.07 ± 0.05       0.727 ± 0.059 

2 pool 7 ± 4 6 ± 0 
   

0.37 ± 0.19 0.00 ± 0.00 0.898 ± 0.087 
3 pool  7 ± 4 6 ± 0 0 ± 0 0.37 ± 0.19 0.00 ± 0.00 0.898 ± 0.087 

IEP 
1 pool  27 ± 4 

   
      0.03 ± 0.02       0.586 ± 0.092 

2 pool 8 ± 5 19 ± 3 
   

0.62 ± 0.39 0.00 ± 0.00 0.915 ± 0.075 
3 pool  8 ± 5 19 ± 3 0 ± 0 0.62 ± 0.39 0.00 ± 0.00 0.915 ± 0.075 
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R
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Table 4. Gamma model results. 

	
  	
   Gamma model 
	
  	
   C0 a v r2 
PF 103 ± 54 0.04 ± 0.04 0.23 ± 0.13 0.986 ± 0.009 
SCRWRF 55 ± 8 0.02 ± 0.01 0.22 ± 0.05 0.991 ± 0.007 
HWRF 23 ± 2 0.55 ± 0.55 0.19 ± 0.04 0.972 ± 0.034 
CDA 12 ± 4 0.82 ± 0.49 0.25 ± 0.10 0.871 ± 0.085 
IEP 27 ± 4 0.44 ± 0.60 0.09 ± 0.08 0.890 ± 0.095 

 

3.1 One-pool model.  

This simplest first-order kinetic model assumes all the dissolved P in the effluent degrades at the 

same rate (k1). Due to the higher initial concentrations in effluents from PFWRF and SCRWRF, the 

model predicted degradation coefficients were relatively higher (0.39 ± 0.35 day-1 and 0.97 ± 0.60 day-1, 

respectively) than other three effluents, which had degradation rates < 0.1 day-1. The average 

coefficients of determination (r2) for five one-pool models was only 0.730 ± 0.090. 

 3.2 Two-pool model 

   The two-pool model divided the P into two fully bioavailable fractions (C1 and C2) with their 

individual degradation coefficients (k1 and k2). In the effluents from PFWRF and SCRWRF, the rapidly 

decomposing fractions were almost fully utilized by the phytoplankton in first two days with rates of 

5.00 ± 2.07 day-1 and 4.16 ± 1.50 day-1, respectively. In contrast, the slow degrading pools, which 

consisted 40% and 32% of dissolved P, were estimated to degrade one hundredth as fast with 

degradation rates at 0.04 ± 0.02 day-1 and 0.03 ± 0.00 day-1. The performance of the two-pool model 

describing P uptake in HWRF followed a similar pattern. 64% of the dissolved P underwent a much 

slower decomposition process with k2 averaging 0.01 day-1 in contrast with the more readily 

bioavailable fraction which was utilized at 0.85 day-1. Notably, the k2 rate was ≈ zero for both effluents 

from CDA and IEP which strongly suggested that the second pool (44% and 66% of dissolved P) was 
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almost entirely recalcitrant. The two-pool model correlated with the experimental data much better than 

one-pool model with an average coefficient of determination (r2) of 0.954 ± 0.045.  

3.3 Three-pool model. 

The three-pool model introduced an additional pool to two-pool model by assuming a certain 

fraction of the P will never be utilized. The estimated values for the non-degradable pools (C3) were 9 ± 

5 µg/L and 17 ± 10 µg/L for SCRWRF and PFWRF, respectively, indicating that 17% and 16% of P in 

these effluents was not utilized by algae and thus could persist in the water column. The correlation 

coefficient between the predicted values and experimental data in the three-pool model was the highest 

among the three for these two effluents (0.992 ± 0.008 and 0.995 ± 0.004 for SCRWRF and PFWRF 

correspondingly). However, the three-pool model fit the data similar to the two-pool G model for the 

effluents from HWRF, CDA and IEP.  

3.4 Gamma model. 

The Gamma model fit the dissolved P time series well and had comparable correlation coefficients to 

the three-pool models as shown in Table 4. The averaged r2 was 0.942 ± 0.057 and the degradation 

pattern was almost identical to three-pool model.  

The average first-order decay coefficients (k) were calculated for the five effluents. These rate 

constants describe how the dissolved P degradation slowed during the experiments (Figure 3). The 

higher portion of readily bioavailable P in the PFWRF and SCRWRF effluent triggered a fast uptake 

mechanism with a utilization rate of 5.46 day-1 and 12.94 day-1, respectively (Figure 3a). Yet, the 

mineralization rate quickly dropped to 0.62 day-1 and 0.63 day-1 after the first 8 hrs and continued to 

decrease to only 0.01 day-1 by the end of experiment. Similarly, initially, the dissolved P in HWRF, 

CDA and IEP effluent mineralized very rapidly with k values equals to 0.35 day-1, 0.30 day-1 and 0.21 
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day-1, respectively (Figure 3b). The degradation process gradually slowed down and the decomposition 

rate reached only 0.01 day-1 after 21 days, which was similar to the other effluents. 

Figure 3. The average first-order kinetic coefficient k for Gamma model. 

a. 

 
b. 

 

 

 

3.5 P size fractionation. 

From the results of ultrafiltration for all the effluents (Figure 4), a large fraction (33 ± 14%) of the 

dissolved P is larger than 3 kDa in the dissolved phase. For effluents from PFWRF, SCRWRF and 

HWRF, the percentage of P fraction larger than 3 kDa is similar with the recalcitrant P predicted by 

three-pool model. For effluents from CDA and IEP, within the P fraction that was smaller than 3 kDa, 

71 ± 0% and 69 ± 22% of the P was non-reactive.  
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Figure 4. Size fractionation of P in the effluents. 

  

 

4. Discussion 

4.1 Implication of model results 

In the three first-order decay functions, the one-pool model had weakest statistical association with 

the experiment results as shown in Table 3 (r2 = 0.729 ± 0.090). This suggests the use of a one-pool 

model to characterize phosphorus availability is a considerable oversimplification of the phosphorus 

kinetics in lakes. Figure 5 is shown as an example to demonstrate how the model predicted dissolved P 

concentrations, this pattern is consistent for all of the effluents studies. The first-order model 
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overestimated bioavailability thereafter. Using a two-pool model to differentiate the slower bioavailable 

from the readily bioavailable pool dramatically increased the fit between the experimental and predicted 

values.  

Figure 5. Model fitting results for five effluents. These figures were selected from one of the sampling 

dates which has dissolved P results most closed to the average. 
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   In this modeling exercise, the three-pool model had highest correlation with the experimental results 

for effluents from PFWRF and SCRWRF. Although the modeling results for the three-pool model and 

two-pool model were the same for the effluents from HWRF, CDA and IEP, this could be due to the 

low effluent concentrations in these tertiary treatments which were very close to the detection limit for 

the analysis (2 µg/L) and thus posed difficulties in model fitting when distinguishing the slight 

difference between two- and three-pool models. However, considering the substantially lower uptake 

rate in second pool (k2 < 0.01 day-1) and the third term (C3) to be approximately zero, the second 

fraction (C2) could be assumed to be recalcitrant and less likely to contribute to eutrophication. These 

results indicated the three-pool model, which includes two kinetic rates for two-P pools (one readily 

bioavailable and one slowly bioavailable) and a third pool that is assumed to be inert for algal growth, 

are more appropriate description of the dissolved P uptake in receiving waters. Contrary to the 

traditional approach which models dissolved P as a single pool with a constant decay rate, the three-pool 

model shown that recalcitrant P should be accounted for in water quality modeling.  

The Gamma model provides a more comprehensive description of the degradation pattern and 

demonstrates a sharp shift towards lower bioavailability during bioassay. Previous exercises compared 

the predictive power of the various first-order models and Gamma model have shown multiple-pool 

models had a weaker predictive power than the Gamma model, in which the estimation should be 

insensitive to the experiment length and requires less experimental data to predict uptake kinetics 

(Vahatalo et al. 2010).  

Based on the ∆AIC and Akaike weight criteria (see Table 5), the Gamma model clearly 

outperformed the others. Furthermore, the ∆AIC values suggest the following overall ranking in model 

performance: Gamma model > 2 Pool model > 3 Pool model > 1 Pool model. The fact that the Akaike 

weights strongly favored the Gamma model, despite the fact that Gamma model and 3 pool model had 

very similar correlation of coefficients, was because the Gamma model achieved the same fit with three 

fewer variables. This result strongly suggests the Gamma model is the optimal model with better overall 

performance and fewer variables.  
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Table 5 Model performance based on AIC criteria. ESS represents the error sum of squares, N 

represents sample size, nv represents the number of variables in the models, AIC is the Akaike 

Information Criterion value, and Ak. Wt. represents the Akaike Weight. 

	
  	
     ESS N nv AIC ΔAIC Ak. Wt.% 

PFWRF 
1 Pool  24797 45 1 127 36 0 
2 Pool 3585 45 4 96 5 9 
3 Pool 3585 45 5 98 7 3 

Gamma 3464 45 2 91 0 88 

SCRWRF 
1 Pool  19735 45 1 123 46 0 
2 Pool 1729 45 4 81 5 8 
3 Pool 1729 45 5 83 7 3 

Gamma 1657 45 2 76 0 89 

HWRF 
1 Pool  3311 18 1 45 10 1 
2 Pool 632 18 4 38 3 17 
3 Pool 632 18 5 40 5 6 

Gamma 711 18 2 35 0 77 

CDA 
1 Pool  14807 45 1 117 10 1 
2 Pool 7925 45 4 111 3 14 
3 Pool 7925 45 5 113 5 5 

Gamma 8144 45 2 108 0 80 

IEP 
1 Pool  9758 45 1 109 9 1 
2 Pool 5348 45 4 103 4 14 
3 Pool 5348 45 5 105 6 5 

Gamma 5483 45 2 100 0 80 
 

4.2 Recalcitrant P 

 As shown in this study and increasingly suggested in related studies, the fundamental role of 

recalcitrant P in water systems should not be ignored. As predicted by three-pool model, For the 

SCRWRF and PFWRF effluents, the remaining portions at the end of 21 days were 17% and 16%, 

respectively, which could be assumed to be more or less inert P. For the effluents discharged from CDA 

and IEP, three-pool model predicted a nearly complete cessation of biodegradation after 10 days (Figure 

4) with residual recalcitrant dissolved P pools of 48% and 71%, respectively.  

This strongly re-affirmed the conclusion from previous bioassays, that a substantial fraction of P in 
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the effluents from advanced water reclamation facilities has very low bioavailability (Li and Brett 2012, 

2013b). This hypothesis is also supported by a wide variety of previous studies in natural systems. It is 

commonly accepted that dissolved organic P (DOP) mainly consists of polymers (Cembella et al. 1982). 

Incubation experiments with polymeric DOP detected this pool was assimilated at a much longer 

turnover time (over 20 days) (Thingstad et al. 1993). Within this pool, it is speculated that there is 

another fraction which decomposed much slower than typical organic forms such as ATP or nucleotides 

(Nausch and Nausch 2006). By studying the P cycle in the ocean, a relatively constant portion of DOP 

was reported to be refractory in several studies, which is an indication that this slowly mineralized pool 

could persist in the environment for a fairly long time (Thingstad et al. 1993, Bjorkman and Karl 2003, 

Benitez-Nelson 2000, Paytan and McLaughlin 2007). More detailed and directed research with selected 

compounds using specific labeling technologies has also shown certain organic P compounds (mostly 

phosphoesters) were resistant to algal uptake (Berman 1988, Bjorkman and Karl 1994, Huang and Hong 

1999, Hernández et al. 2000). Phosphorus bounded with humic-(Al/Fe) were also believed to contribute 

to this recalcitrant pool most likely due to its association with large macromolecules (Li and Brett 

2013a).  

This hypothesis is in agreement with the ultrafiltration result for effluents from PFWRF, SCWRF 

and HWRF, which suggested there is a potential connection between P compounds with larger molecule 

size (>3 kDa) and recalcitrant P. Phosphorus species which are larger than 3 kDa are too large to cross 

phytoplankton cell membranes (Gerke 2010). The ultrafiltration results for the CDA and IEP effluents 

also suggested that the P compounds that were smaller than 3 kDa were non-reactive.  

These findings provided experimental evidence to support that the recalcitrant P should not be 

neglected in the modeling exercise; otherwise modeling outputs could lead to unrealistic management 

strategies.  
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4.2 Bioavailability Continuum 

 The modeling results also consistently suggested there is a reactive continuum for the dissolved P 

in wastewater effluents. By reviewing the uptake pattern in natural systems, one can shed light onto this 

phenomenon. Extensive studies investigated the mineralization rate in lake sediments and water column 

due to its important role in P dynamics in surface water systems. By developing diagenetic models 

based on non-reactive P (nrP) and reactive P (rP) concentrations as a function of sediment depth, Wilson 

et al. (2010) quantified that the constants for the transformation (kf) of nrP to rP ranged from 3 x 10-5 to 

8 x 10-5 day-1 in three oligotrophic lake sediments (Wilson et al. 2010). Several other studies of the 

mesotrophic Lake Erken (Reitzel et al. 2007, Ahlgren et al. 2005, Reitzel et al. 2006) using similar 

methods showed a slightly higher net loss of P from sediments over time with lower half-life times 

reported for P mineralization. Particularly, in the biogenic P fraction, the NaOH-soluble humic 

compounds were shown to be degraded at a much lower rate (3 x 10-4 to 2 x 10-5 day-1) than the 

non-humic fraction (1.9 x 10-3 to 6 x 10-5 day-1), which further suggested that humic associated P is 

more recalcitrant than other fractions.   

 In sediments from hypertrophic Lake Onandaga (New York) (Penn et al. 1995), two fractions of P 

were classified with the fast fraction mineralized at 0.014 day-1 while the second pool mineralized at 

only 0.003 day-1. Compared to sediment P, phosphorus in lake water is usually regenerated into biomass 

at a higher rate. Based on the reported half-life values, a range of regeneration rate (0.003 - 0.014 day-1) 

was found (Penn et al. 1995). Research on 20 temperate freshwater lakes using a radioisotope technique 

derived a statistical relationship between TP and dissolved P regeneration with an average of 

approximate 0.126 day-1 calculated from the regression model (n = 20, r2 = 0.96) (Hudson et al. 1999). 

From these studies, one could speculate that bioavailability of P transitioned from low for particulate P 

and humic associated P in the sediments to high in the more reactive forms in dissolved phase.    

Studies on pure P compounds provided another perspective into this discussion. Bioassays with 

two inorganic forms of dissolved inorganic P, four organic P and three humic associated dissolved P 
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solutions determined that uptake rates of some inorganic P species (0.59 ± 0.06 day -1) and organic P 

compounds (0.77 ± 0.06 day -1) were much higher than for the humic solutions tested (0.01 day-1) 

suggesting these humic complexities are likely to persist in natural systems. Representing the organic P 

decay rate with a single value could result in a value that is much too low for true organic forms of DOP 

(such as AMP, GDP, UDP and ATP), and way too high for recalcitrant forms of DOP (rDOP) such as 

humic-metal complexed P. These results imply that multiple degradation rates, or even time-dependend 

coefficients, should be considered when representing mineralization kinetics.  

4.3 Implication for Watershed Management 

 Both the Spokane River and Long Lake suffer low dissolved oxygen (DO) levels in the summer 

during dry years (Department of Ecology 2010). Portions of Lake Spokane do not meet the requirement 

of the Washington State water quality standards for DO and are listed as impaired and subject to a 

dissolved oxygen TMDL (Department of Ecology 2010). A water quality model (CE-QUAL-W2) has 

been used to characterize the DO dynamic of the Spokane River and Lake Spokane (Berger 2009). This 

model has been used to assess DO changes under various discharge scenarios (Berger 2009). A key 

component of the P uptake kinetics in the existing TMDL model is a two-pool model with one pool 

representing DRP, which can be utilized immediately by phytoplankton, while the other pool is organic 

bound P which is mineralized to phosphate when organic matter is oxidized. Thus the organic decay rate 

for carbonaceous BOD (CBOD) in secondary effluents has been used to represent the organic P to 

phosphate mineralization rate in the TMDL model (Berger 2009). This model also assumes that the 

concentration of organic bound P (both dissolved and particulate) can be represented as the difference 

between the TP and dissolved reactive P (DRP) concentrations (Berger 2009).  

Although it is commonly assumed that dissolved inorganic phosphate is entirely bioavailable, the 

dissolved reactive P (DRP) term commonly measured in contemporary monitoring programs 

corresponds poorly to true phosphate (Hudson et al. 2000, Li and Brett 2013a). Extensive research has 
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shown DRP is not a reliable indicator of phosphate due to potential analytical problems (Li and Brett 

2013a, Dodds 2003). The results from this study suggest one should characterize dissolved P according 

to its uptake kinetics instead of operationally classifying P fractions merely based on wet chemistry 

analyses (Hudson et al. 2000, Rigler 1968).   

Also, recent research has shown that particulate P (PP) in municipal effluents may have a lesser 

contribution to effective P loading due to sediment deposition (Effler et al. 2012, Effler et al. 2009). The 

assumption that the mineralization of particulate P is similar to dissolved P is also problematic. Further, 

there is no a priori reason to assume that the mineralization of recalcitrant phosphorus in the effluents 

from advanced phosphorus removal processes will follow the same kinetics as the degradation of CBOD 

in conventional secondary effluents. Different uptake patterns with different rates constants indicate the 

variation of treatment process and P species in the effluents.  

For the WWTP effluents, Berger et al. (2009) reported CBOD decays rates averaged 0.064 ± 0.026 

day-1 and assumed these are equal to the effective mineralization rate for organic P in the current model 

setting. Due to the water retention time in Long Lake, which averages ≈ two months in late summer, 

assuming a 6% per day organic P mineralization rate effectively assumes a P input to this reservoir will 

be sued to support algal production. The bioassay results from this study suggest the degradation rates 

might be much lower than the pre-set values in the current.  

To demonstrate the difference between the two pool model in the current existing TMDL model and 

Gamma model indicated by in this study, the modeling results of these two models were normalized 

based on total P concentration and extrapolated to 60-days which is approximately the Hydrological 

Retention Time for Lake Spokane in the late summer (Figure 6). During this modeling time, 

approximately half of the dissolved P was depleted within the first two days while the rest underwent a 

much slower uptake rate. For effluents from PFWRF, SCRWRF, HWRF and CDA, after 60 days, the 

current two pool model, indicated almost all of the phosphorus in the effluents would be used up by 

algae, and less than 3% of the P would be left after 60 days. However, the Gamma model, which takes 

recalcitrant P into account, predicted there was a large fraction of P which degraded at much slow rates 
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and left a significant amount of P in the lake system unused. For the industrial wastewater effluent from 

IEP, due to its higher humic and large molecule weight contents, it might undergo a slower 

mineralization as indicated in the current TMDL model. However, the Gamma model suggests the 

current TMDL over-estimates the bioavailable P by over 40%. Therefore, it is foreseeable that a 

difference of this magnitude could substantially change model outputs. 

Figure 6 Comparison of the predicted P kinetics for the current TMDL model and the Gamma 

model. (Note: a. PFWRF, b. SCRWRF, c. HWRF, d. CDA, e. IEP.) 

a. 
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b. 
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d. 

 

e. 

 

5. Conclusions 
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 Bioassay uptake experiments developed in this study could be a useful tool to describe the 

mineralization of P quantitatively and thereby better determine the mineralization kinetics of dissolved 

P in the environment. The modeling results suggested that the three-pool model and the dissolved P 

mineralization rate constants associated with it could be used, in place of the assumption that organic P 

is mineralized at the same rate that CBOD is degraded. The mineralization rate determined in these 

first-order decay models could be seamlessly incorporated into the existing TMDL model without 

structural modifications. However, it also strongly suggested that the current first-order decay models to 

be replaced with the more comprehensive Gamma model to fully describe the bioavailability continuum 

exists in the effluents tested. Moreover, the modeling results suggested that the outcome of current 

TMDL model could be significantly modified with the updated mineralization rates and exclusion of 

inner fraction. This study presents a sound approach for managing similar nutrient-impacted water 

bodies.  
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Conclusions	
  
 

Refining our understanding of fractionation and bioavailability of external P source will improve our 

fundamental knowledge for water quality modeling and developing the most protective eutrophication 

management plans. This dissertation contribute to our understanding of this critical issue by addressing 

these scientific question with following key findings: 

Key Findings: 

1. What is the BAP fraction in the effluents from advanced nutrient removal facilities and how it 

is impacted by tertiary treatments? 

Paper I indicated that less than 10% of P was bioavailable in the final effluent, and as the level of P 

removal increased, the %BAP of the product declined sharply, r2 ≈ 0.98. 

2. What is the bioavailability of different P compounds that may commonly occur in WWTP 

effluents? 

Paper II proposed an objective classification scheme to more clearly describe P containing 

compounds based on their bioavailability. 

3. Which operational chemical category best predicts the potential BAP pool in effluents and 

could be used as monitoring measure for WWTP.  

Paper III suggested TRP could be used as a surrogate predictor for BAP with a strong statistic 

relationship observed (r2 ≈ 0.81), and with a BAP/TRP ratio of 0.61 ± 0.24,    

4. What are the mineralization kinetics of dissolved P and its associated biodegradation rate and 

how can this be embedded in current water quality models?  
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Paper IV showed two-pool and three-pool models correlated better with the experimental data (r2> 

0.9) and provided strong evidence for the existence of recalcitrant P in effluents from these tertiary 

facilities. 

Key Benefits: 

♦ Provided a more scientific method for setting wastewater treatment plant (WWTP) discharge permit 

limitations for effluent P based on actual algae bioavailability. 

♦ Provided a simple, quick method to estimate bioavailable phosphorus in treated effluents. 

♦ Provided a basis to avoid unnecessarily high chemical use and reduce operation costs, sludge 

production and greenhouse gas footprint for wastewater treatment.  

♦ Showed the classic SRP chemical characterization is a poor predictor of the bioavailability of P 

containing compounds. 

♦ Proposed a new approach to estimate the mineralization rate and describe the uptake kinetic of 

dissolved P.  
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