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Abstract text

Arsenic contamination of groundwater is a global concern, with environmental presence
attributable to both geogenic and anthropogenic factors. Presence in the environment threatens
both public and environmental health. In this study, we explored both the mobilization and
sequestration of arsenic in subsurface environments, both in in situ treatment systems that sought
to sequester the arsenic by intentional interference with the biochemistry and in natural systems
where anthropogenic activities hold the potential to inadvertently exacerbate existing public
health problems caused by arsenic contamination.

Our investigation into these arsenic stabilization mechanisms involved fieldwork and
laboratory-based experiments and analysis methods to study three different groundwater
systems. The fieldwork collected sediment and water samples from these different locations.
Laboratory batch incubation experiments were conducted for two locations, to elucidate arsenic
mobilization processes, with further laboratory characterizations of these experimental materials
and those collected from the third site, including solid-phase speciation of arsenic and iron in
sediment, molecular characterization of microbially-altered organic carbon, and isotopic
characterization of carbon pools.

Our work conducted on in situ treatment systems analyzed two different treatments that
utilized induced sulfate reduction (ISR) in permeable reactive barriers (PRB) as a means to form
sulfide and iron minerals that incorporate or sorb arsenic, removing it from groundwater. Our



work found that PRBs that are formed using zerovalent iron (ZV1) in conjunction with the sulfate
and carbon materials are more effective at arsenic removal, likely due to the formation of more
stable minerals. Our data suggest that arsenic stabilization in non-ZVI PRBs are primarily
controlled by arsenic-sulfide associations, while ZVI PRBs saw greater formation of iron
sulfides and iron oxyhydroxides.

Our investigations into mechanisms responsible for subsurface mobilization of arsenic
into groundwater were primarily driven by laboratory incubation experiments of aquifer
materials collected from arsenic-contaminated locations. Materials collected from an aquifer in
Bangladesh were incubated and sampled over one-half year, with the goal of better
understanding the labile organic carbon available to fuel reductive dissolution processes that
drive arsenic mobilization. Ultrahigh resolution mass spectrometry revealed a large,
heterogeneous pool of bioavailable organic carbon in the sediment porewater. Despite the
substantial microbial degradation of this carbon pool, most of the compounds were those types
traditionally considered recalcitrant or less energetically-favorable. Our results lend weight to an
ever-growing shift in understanding of carbon bioavailability. Additionally, both this sediment
porewater and the aquifer recharge waters contained many organosulfur compounds, suggesting
that the presence of such compounds may potentially be useful as a fingerprint for organic matter
derived from organic-rich, anaerobic subsurface environments.

The existence of this pool of organic carbon in subsurface sediments that holds the
potential to fuel microbial reactions that impact groundwater quality, led to our final
investigation of a process that may occur in situ and mobilize such a pool: microbial priming.
Laboratory incubations of aquifer sediment from Cambodia were conducted to show the
occurrence of microbial priming and its potential to release mobilize arsenic in the subsurface.
The results did not show explicit evidence of priming, but did show an increase in the onset of
microbial activity in treatments amended with labile organic carbon. Moreover, even in
treatments amended with high concentrations of labile carbon, notable arsenic mobilization was
not observed. More energetically-favorable electron acceptors, iron and manganese, were
reduced and dissolved into solution, but at later timepoints in the experiment began to decrease
in dissolved concentrations, indicating mineral precipitation.
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1. Introduction



1.1 Background

Arsenic contamination of groundwater is a global concern. Presence in the environment
is attributable to both geogenic factors (notable cases include contamination in Bangladesh,
India, and Cambodia (Kinniburgh & Smedley, 2001; Smedley & Kinniburgh, 2002)) and
anthropogenic factors (e.g., acid mine drainage (Casiot et al., 2003; Gault, Cooke, Townsend,
Charnock, & Polya, 2005; Johnson & Hallberg, 2005; Smedley & Kinniburgh, 2002),
impregnation of lumber for wood preservation (Hasan et al., 2010; Hingston, Collins, Murphy,
& Lester, 2001), pesticide use (Belluck, Benjamin, Baveye, Sampson, & Johnson, 2003),
industrial waste disposal (Beaulieu & Ramirez, 2013; Mariner, Holzmer, Jackson, Meinardus, &
Wolf, 1996), and copper smelting byproducts (Belluck et al., 2003)). The ubiquitous nature of
the contamination is problematic, as arsenic poses threats to both human and environmental
health. When present in the environment, arsenic threatens aquatic life (e.g., physiological,
hormonal, and behavioral impacts on fish (Bears, Richards, & Schulte, 2006; Bhattacharya &
Bhattacharya, 2007; Nichols et al., 1984)) and plant life (e.g., negative impacts on yield when
rice crops are irrigated with contaminated water or grown on contaminated soil (Abedin, Cotter-
Howells, & Meharg, 2002; Delowar et al., 2005; Dittmar et al., 2010; Khan et al., 2009, 2010;
Li, Stroud, Ma, McGrath, & Zhao, 2009; Panaullah et al., 2009)). Food crops grown in
contaminated environments can also retain arsenic, providing another mechanism for human
and animal consumption (Meharg & Rahman, 2003). If arsenic is consumed by humans, via
drinking water or in food sources, individuals can develop arsenicosis which exhibits as skin

lesions, cancers, and increased mortality (Argos et al., 2010). Malnutrition may exacerbate the



deleterious effects of arsenic exposure in humans (Hsueh et al., 1995, 1997; Smith & Smith,
2004), heightening the impact on individuals in poverty-stricken regions.

The global threat posed by arsenic makes it critical that we gain a better understanding of
arsenic mobilization and immobilization processes. Despite geogenic arsenic concentrations in
soil and sediments that are often relatively low (crustal average is 1.8 mg/kg (Greenwood &
Earnshaw, 1984)), some groundwater systems contain very high levels of arsenic, that was
mobilized from that sediment. The mechanisms that drive this release need to be better
understood. Arsenic is mobilized off sediment via microbially-mediated reductive dissolution
process, where organic carbon is used as the energy source (electron donor). Through oxidation
of organic carbon, microbes reduce arsenic and/or arsenic-associated iron minerals, releasing
arsenic into the aqueous phase. However, previous work has indicated that carbon degradation
does not always stimulate arsenic mobilization (Neumann, Pracht, Polizzotto, Badruzzaman, &
Ali, 2014; Polizzotto et al., 2006; Polizzotto, Harvey, Sutton, & Fendorf, 2005; Radloff et al.,
2007) in natural sediments. Additionally, mobilization effects are not always predictable based
simply on organic carbon concentrations, as priming effects may increase the amount of
bioavailable carbon in groundwater systems. Priming refers to an increase in microbial
utilization of soil organic matter (i.e., carbon mineralization), driven by an influx of
bioavailable organic carbon to that soil and sediment (Blagodatskaya & Kuzyakov, 2008;
Kuzyakov, Friedel, & Stahr, 2000). These fluxes are not likely to be captured by concentration
measurements alone. Due to these potential priming effects, it is important to further explore
possible human perturbations, such as pumping activities, installation of wells, and chemical

waste disposal that may lead to increased mobilization.



Beyond better elucidating the mechanisms of arsenic mobilization into groundwater, it is
important that we continue to explore treatment systems to remove arsenic from groundwater.
Industrial contamination often leads to much more acutely severe contamination problems and
thus pointed treatment systems for these contaminated locations are key. Innovative approaches
to treating large amounts of water efficiently have emerged in the form of in situ permeable
reactive barriers, a relatively low-cost, passive treatment option. The effectiveness of these
systems at arsenic removal from groundwater must be evaluated, but it is also critical to
understand the specific mechanisms that are responsible for the removal of the contaminant.

Without this clearer understanding, the long-term success of treatment is put into jeopardy.

1.2 Dissertation Overview

This study utilized both fieldwork and laboratory techniques to investigate these
identified gaps in knowledge. The first chapter, Chapter 2, focuses on work conducted on in situ
treatment systems installed near Tacoma, WA, to treat a groundwater system contaminated by
industrial waste. We collected sediment samples from within the two different systems, and
utilized solid-phase analysis (x-ray absorption spectroscopy, x-ray fluorescence, and sequential
chemical extractions) to determine mechanisms of arsenic stabilization, comparing these
mechanisms to years of groundwater arsenic data as a means of evaluating the two systems and
the most effective mechanisms of arsenic removal from the aqueous phase.

The next chapter, follows up on an incubation study conducted on materials collected
from an arsenic-contaminated aquifer in Bangladesh (Neumann et al., 2014). That incubation
study identified a previously undocumented pool of bioavailable sedimentary organic carbon.
This chapter molecularly characterizes that pool, before and during microbial degradation in
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these incubations, using Fourier Transform lon Cyclotron Resonance Mass Spectrometry (FT-
ICR-MS), elucidating carbon compounds key in microbial reactions.

The final chapter, Chapter 4, expands on the work in Chapter 3, presenting the results of
an incubation study conducted on Cambodian aquifer sediment; sediment from an aquifer low in
arsenic, but vulnerable to contamination. This work sought to demonstrate the capacity for an
influx of labile organic carbon to destabilize bioavailable organic matter from the sediment, as
happened in the Bangladesh study, and fuel microbial reduction reactions that released arsenic
into the water. The mass of carbon as it transferred between pools, along with the isotopic
composition of that carbon was tracked over time to highlight the potential for future

contamination of currently clean aquifers.
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2.1 Introduction

Arsenic contamination of groundwater is a global concern. Arsenic presence in the
environment is attributable to both geogenic factors (notable cases include contamination in
Bangladesh, India, and Cambodia (Kinniburgh & Smedley, 2001; Smedley & Kinniburgh,
2002)) and anthropogenic factors (e.g., acid mine drainage (Casiot et al., 2003; Gault, Cooke,
Townsend, Charnock, & Polya, 2005; Johnson & Hallberg, 2005; Smedley & Kinniburgh, 2002),
impregnation of lumber for wood preservation (Hasan et al., 2010; Hingston, Collins, Murphy, &
Lester, 2001), pesticide use (Belluck, Benjamin, Baveye, Sampson, & Johnson, 2003), industrial
waste disposal (Beaulieu & Ramirez, 2013; Mariner, Holzmer, Jackson, Meinardus, & Wolf,
1996), and copper smelting byproducts (Belluck et al., 2003)). The ubiquitous nature of the
contamination is problematic, as arsenic poses threats to both human and environmental health.
Human health risks include cancer and increased mortality (Argos et al., 2010). When present in
the environment, arsenic threatens aquatic life (e.g., physiological, hormonal, and behavioral
impacts on fish (Bears, Richards, & Schulte, 2006; Bhattacharya & Bhattacharya, 2007; Nichols
et al., 1984) and plant life (e.g., negative impacts on yield when rice crops are irrigated with
contaminated water or grown on contaminated soil) (Abedin, Cotter-Howells, & Meharg, 2002;
Delowar et al., 2005; Dittmar et al., 2010; Khan et al., 2009, 2010; Li, Stroud, Ma, McGrath, &
Zhao, 2009; Panaullah et al., 2009).

In light of the global threat of arsenic contamination in groundwater, evaluation of
treatment systems is a pressing need. Determination of a system’s short- and long-term
effectiveness, widespread applicability, and susceptibility to failure is needed to move towards

effective solutions. One promising in-situ remediation strategy is the creation of localized
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biogeochemical conditions favorable to arsenic sequestration by manually inducing microbial
sulfate reduction. The goal of induced sulfate reduction (ISR) is to precipitate sulfide minerals
that provide sorption sites for arsenic or incorporate arsenic into their crystal matrix. One method
to induce these conditions is to install permeable reactive barriers (PRBs). PRBs are a low cost,
passive treatment system that are installed in regions that intercept the groundwater flow
pathway. PRBs contain reactive materials (material selection varies depending on identified
contaminant) that facilitate biogeochemical reactions, transforming contaminants to less mobile
or less toxic forms. They can either be installed by excavation of soil and sediment in the
pathway of groundwater flow and backfilling the area with reactive media or by injecting
reactive materials directly into the groundwater and/or sediment. PRBs have been used to
successfully remove chlorinated hydrocarbons (Gillham & O’Hannesin, 1994; Richards, 2008;
Suetal., 2012; Vogan, Focht, Clark, & Graham, 1999; Wilkin, Puls, & Sewell, 2003),
hexavalent chromium (Wilkin et al., 2003), uranium (Morrison, Metzler, & Carpenter, 2001),
arsenic (Beak & Wilkin, 2009; Beaulieu & Ramirez, 2013), and other contaminants from
groundwater.

Many applications of PRB approaches that focus on arsenic removal utilize zero-valent
iron (ZV1), providing a potential for more minerals to form that facilitate arsenic immobilization.
An application of induced sulfate reduction (ISR) with only organic carbon and sulfate materials
(i.e., without ZV1) is likely to form arsenic-sulfide minerals, such as realgar and orpiment
(O’Day, 2006; O’Day, Vlassopoulos, Root, Rivera, & Turekian, 2004) and amorphous iron-
sulfide minerals, such as mackinawite, that may over time develop into pyrite (Morse &
Cornwell, 1987). Iron (hydr)oxides are unlikely to form. Conversely, a PRB installation for ISR

that includes ZV1 application leads to the creation of Fe(Il) and Hz gas, additional reductants that
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improve arsenic removal (Wilkin, Acree, Ross, Beak, & Lee, 2009; Zheng, Apps, Zhang, Xu, &
Birkholzer, 2009) and the system is likely to form FeS minerals, such as mackinawite
(Furukawa, Kim, Watkins, & Wilkin, 2002; Roh, Lee, & Elless, 2000). Moreover, many
additional iron minerals, such as iron (oxy)hydroxides (Manning, Hunt, Amrhein, & Yarmoff,
2002; Melitas, Wang, Conklin, O’Day, & Farrell, 2002; Phillips et al., 2000) may form during
the oxidation of the ZV1, leading to additional sorption sites and opportunities for coprecipitation
of arsenic species.

Despite the increased reductants provided by ZVI, a system without ZVI may be
preferred for many reasons, including cost, ease of installation (Floyd|Snider & AMEC, 2013), or
prevention of long-term permeability issues (Henderson & Demond, 2013). In our study, the ZVI
treatment contained insoluble ZV1 and thus had to be injected with a direct-push drill rig.
Additionally, its propriety nature led to it being more expensive than a custom solution. The
custom solution also carried the ability to be deposited into the aquifer via existing groundwater
monitoring wells.

PRBs for remediation of arsenic in groundwater have had limited implementation, largely
due to sparse field-level studies exhibiting their effectiveness and long-term stability. Only a few
field-based studies have been conducted on ISR systems without zero-valent iron added (O’Day
et al., 2004), or on applications of these systems as PRBs utilizing ZV1 to treat arsenic (Wilkin et
al., 2009). In lieu of field-based applications, a wide-array of laboratory-based studies have been
conducted to assess methods of ISR (Henderson & Demond, 2013), ability of ISR to remove As
(Keimowitz et al., 2007; Onstott, Chan, Polizzotto, Lanzon, & DeFlaun, 2011), and ability of
ZV1 to remove arsenic from water, both as part of an ISR system and as a standalone product

(Gibert, de Pablo, Cortina, & Ayora, 2010; Lackovic, Nikolaidis, & Dobbs, 2000).
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The goals of this study were to determine the in situ performance difference between a
PRB application with ZVI and an application without ZV1, as well as identify the specific
sequestration mechanisms responsible for removal of arsenic from groundwater in these systems.
We sought to fill gaps in the current literature regarding specific mineral formations that occur in
field-based application of these systems, how ZV1 impacts these specific minerals, and what
minerals arsenic associates with and in what capacity (i.e. sorbed or coprecipitated) during its
removal from water. To achieve these ends, we combined groundwater monitoring data from two
field-based applications of ISR at an industrial-contamination site with solid-phase speciation
analyses of arsenic and iron in sediment obtained from the PRBs. Speciation analysis provides
insight into the sequestration mechanisms responsible for arsenic immobilization, by indicating
possible minerals formed. Solid-phase speciation analysis was conducted via microscale x-ray
absorption (WXAS), x-ray fluorescence (XRF) mapping, as well as functionally defined
fractionation of arsenic and iron species via sequential chemical extraction methods.
Determining the specific mechanisms occurring in the sediment will allow us to draw
conclusions about the long-term stability of arsenic in ISR PRBs and to predict system behavior
over time and with changing biogeochemical conditions in the aquifer. The results of this work
will ultimately help inform strategies for arsenic cleanup in both geogenic and anthropogenic

contamination sites, in particular the field site where this work was conducted.

2.2  Methods

For this study, data was collected via field sampling, synchrotron analysis (XAS and

XRF measurements), and sequential extractions. Our work focused on a field site located near
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Tacoma, WA. For many years, from the mid 1970’s until the early 1980’s, it was the recipient of
slag-contaminated wastes from log sort yards in Commencement Bay that were contaminated
from the Asarco smelter in North Tacoma/ Ruston, WA. In the early 1990’s, the Washington
State Department of Ecology issued an Enforcement Order for all responsible parties to take
steps to remediate the arsenic, as they found arsenic in the bottom of the landfill to be in contact
with the water table during parts of the year, and arsenic levels in a nearby wetland to be above
cleanup levels(WSDE, 2007). The contaminated groundwater endangers Hylebos Creek, a
nearby waterway that feeds into Commencement Bay and ultimately to Puget Sound, and thus is
considered a threat to ecological and human health. Concentrations in the contaminated wetland
reach 4000 ug/L (WSDE, 2007), nearly 1000-times higher than background levels for the site of

5 ug/L (WSDE, 2007, 2013).

2.2.1 Experimental Setup

At our field site, two different treatment systems were tested for their ability to remove
arsenic from contaminated groundwater. Both approaches implement PRBs as a vehicle for
chemically inducing microbial sulfate reduction. The location of the two systems within the field
site are indicated on Figure 2.1 (“Z PRB” and “NZ PRB”). The systems vary in the slurry
materials used (notably ZV1), arsenic concentrations entering the system, size, and performance

to this point. Table properties are summarized in Table 1.
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Figure 2.1: Location of experimental field site and ISR PRBs. All installed PRBs are shown, with the PRBs
where sediment was collected for solid-phase analysis indicated by ‘Z’ (ZVI system) and ‘NZ’ (non-Z\V|
system). Sediment sample locations are shown as orange symbols. PRBs labeled A-D are pilot-scale studies,
with two containing ZVI1 (A,B) and two not containing ZVI (C,D).

The first system, installed on 12/16/2009, utilized a proprietary injection slurry, EHC-M
(Adventus Americas Inc., Freeport, Illinois), that contains a hydrophilic organic carbon source
(ground plant fibers), sulfate salts (Mg- and K-), and ZVI. This system will henceforth be
referred to as the ZV1 system (or Z in Figures and Tables). This system is located in a higher-
concentration area of the arsenic plume. The system covers an area of 220 feet by 20 feet, and is
10-22 feet deep. Details of the system installation have been previously described in publication
(Beaulieu & Ramirez, 2013).

In the second system, a non-proprietary mixture containing a carbon source (food-grade
high fructose corn syrup), a pH buffer (sodium bicarbonate), and sulfate salts (NaSO4 and
K2S04) was injected into the groundwater via injection wells. This second system contains no

ZV1, and will henceforth be referred to as the non-ZV1 system (or NZ). This system was installed
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at the site on 10/7/2011. It is located in an area of lower arsenic concentration than the ZVI1
system (~35 ppb (Floyd|Snider & AMEC, 2013)), but still has higher arsenic concentrations than
the regulatory limit of 5 ug/L (WSDE, 2007, 2013). The system is a smaller size than the ZVI
system, measuring 50 feet by 85 feet, and extending from 5 feet below ground surface to 15 feet

bgs.

Table 2.1: PRB Properties. Summary of the known and expected properties of each ISR system that was
analyzed for solid-phase speciation and mineral associations.

Zerovalent Iron PRB (2) Non-zerovalent Iron PRB (NZ)
Proprietary? Proprietary (EHC-M®, Adventus Americas, Inc., Freeport, IL) Non-proprietary
Carbon (hydrophilic, ground plant fibers) Carbon (food-grade, high-fructose corn syrup)
Slurry Materials S (Mg, K-S0 salts) S (Na, K-S0 salts)
ZVi NaHCO3 (pH buffer)
Minerals Expected to Iron monosulfide minerals Iron monosulfide minerals
Form Iron (oxy)hydroxides Other monosulfides
Disordered mackinawite (FeS . -
Example Minerals Realgar (AsS) (Fes) Disordered mackinawite (FeS)
Green rusts (Mixed valence iron (oxy)hydroxides-SO4) Realgar (AsS)
PRB Size 220 ft X 20 ft, 10-22 ft bgs 85 ft X 50 ft, 5-15 ft bgs

2.2.2 Material/ Sample Collection

Groundwater was periodically sampled from monitoring wells (as shown in Figure 2.1)
throughout the study. Sampling methods have been previously described (Beaulieu & Ramirez,
2013). During sampling, pH, temperature, ORP, DO, and conductivity were measured. Aquifer
sediment samples were collected from the B&L Woodwaste site prior to installation of the PRBs
in September 2006, using a direct-push drill rig. Samples were collected from a depth of 6-7°.
After installation of the two PRB systems, additional sediment samples were collected on
September 11, 2012, with similar methods, at locations in Treatment Cell D (Pilot Study
treatment — non-ZVI1 PRB) and the 12th Street East Treatment Zone (ZV1 PRB) at depths of 13.5
to 16.5 feet and 17 to 20 feet, respectively (see Figure 1). Collection of samples and all

subsequent sample processing was conducted under anaerobic conditions. Initial samples,
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collected prior to PRB installation, were processed inside of an anaerobic glovebag maintained
with a nitrogen atmosphere in the field. This sediment was divided into glass jars and placed in a
cooler with dry ice. After transport back to the lab, sediment was stored in the freezer. All post-
PRB samples were collected in plastic core liners and capped. Cores were then put into gas-
impermeable bags (ESCAL, Mitsubishi Gas Company), heat sealed with oxygen-

scavenging sachets with oxygen-indicators (GasPak, BD Diagnostic Systems) inside, and placed
in a cooler with dry ice. After transport back to the lab, samples were stored in the freezer.
Samples were closely monitored for infiltration of oxygen and oxygen-scavenging packets were
promptly replaced as needed. Handling of the samples was always done inside an H2/N>
atmosphere in an anaerobic chamber. Oxygen levels in the chamber were monitored by an

anaerobic meter (Coy Lab Products).

2.2.3 Synchrotron Analyses

2.2.3.1 Preparation of Synthetic Minerals

For the synchrotron analyses, two synthetic minerals were created in the lab.
Minerals chosen are representative of those present in the aquifer sediment material at
B&L Woodwaste: mackinawite (an iron sulfide) and ferrihydrite (an iron (oxy)hydroxide). These
minerals were spiked with sufficient arsenite solution to achieve adsorption onto the precipitates,
while avoiding incorporation into the mineral matrix. A total concentration of 5 X 10-5 M (6.15
mg/L) was selected for mackinawite based on literature (Farquhar, Charnock, Livens, &
Vaughan, 2002; Gallegos, Hyun, & Hayes, 2007; Han, Demond, & Hayes, 2013) and applied to

the ferrihydrite standard for consistency.
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The ferrihydrite sample was created by dissolving Fe(NO3)2 salt in 0.5 L of ultrapure
water to achieve 0.2M, and adjusting pH to 5.5 with HCI. Next, NaOH was titrated into the
solution until pH 8.0 was reached. The solution was stirred vigorously for 2 hours and adjusted
to 1L (Zhao, Jia, Xu, & Zhao, 2011). After letting the solution age for 24 hours at 20°C, it was
spiked with arsenite, tumbled for 48 hours, and vacuum filtered through a 22 um filter (cellulose)
and then a 0.2um membrane (polyethersulfone) filter. The solids collected on the filter were air-
dried, knocked off the filter, and ground with an agate mortar and pestle. This powder was
spread out with a silicone spatula as a thin layer on Kapton tape, then covered with another piece
of Kapton tape. This sample was stored inside of a gas impermeable bag (ESCAL) for transport.
Note that this sample was created in an ambient atmosphere.

The mackinawite (FeS) sample was created by adding 0.5 L of 0.30 M NaxS to 0.5 L of
0.228 M FeCl, (Butler & Hayes, 1998). After letting the solution age for 29 hours, the pH was
adjusted to 6.5 and kept stable for 26 hours. It was then spiked with arsenite, tumbled
for 48 hours, and vacuum-filtered through a 22 pum filter (cellulose) and then a 0.2 um membrane
filter (polyethersulfone). The solids collected on the filter were air-dried inside of a glovebox
(N2/H2 atmosphere). Unlike the ferrihydrite synthetic mineral however, this only achieved the
consistency of a paste. This paste was spread out in a thin layer on a piece
of Kapton tape, then covered with another piece of tape. This sample was then stored inside of
an ESCAL bag, along with an oxygen-scavenging packet to maintain anoxic conditions for
transport. Note that this sample was created in entirety inside of the anaerobic glovebox.
2.2.3.2 Preparation of Natural Samples

The pre-PRB installation sample was prepared at the synchrotron facility in a N2/H>

atmosphere glovebox. The sample was thawed inside the chamber, lightly ground into a paste
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using an acid-washed agate mortar and pestle, loaded into a 1 mm Teflon sample holder using an
acid-washed silicone spatula, and sealed with Kapton tape.

Post-PRB installation samples were prepared at the University of Washington, with final
steps conducted at the synchrotron facility. One three foot core of each aquifer sample (ZVI and
non-ZVI1 PRB) was thawed inside of the anaerobic chamber. Each core was then dried
inside the glove box and homogenized with an acid-washed plastic spoon in an acid-washed
and furnaced (550 °C for 4 hours) glass bowl. Dried samples were sieved with a plastic #200
sieve (Model SV-165#200, Gilson Company, Inc., Lewis Center, OH) to isolate the fine fraction:
this was done to concentrate the arsenic and achieve stronger XAS results.

For bulk-scale analysis, these fines, from both the ZVI and non-ZVI PRBs, were
transported to the beamline in anaerobic conditions, heat-sealed in gas-impermeable bags
containing oxygen-scavenging sachets and oxygen indicators. and then loaded onto a 1mm
titanium mount inside of an anaerobic glovebox and sealed on both sides with Kapton tape to
maintain the anoxic atmosphere. For microscale analyses of the post-installation natural sediment
samples, isolated fines fraction were spread out onto a piece of Kapton tape and sealed with
additional Kapton tape inside of the anaerobic chamber at the University of Washington. These
samples were then sealed into an ESCAL bag with an oxygen-scavenging sachet for transport to

the synchrotron.
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2.2.3.3 Synchrotron Methods

Bulk x-ray absorption spectroscopy (XAS)

Bulk-scale analysis of anaerobically prepared aquifer sediment samples was performed to
gain a better understanding of the “average” associations of arsenic. Samples were analyzed on
beamline 11-2 at the Stanford Synchrotron Radiation Lightsource (SSRL), SLAC National
Accelerator Laboratory in Menlo Park, CA., with XAS crystal Si220 at phi = 90. X-ray
absorption spectroscopy (XAS) scans were collected for As and Fe.

Within an anaerobic chamber at SSRL, samples were mounted on titanium sample
mounts, oval-shaped, 6 mm x 2.5 mm and 1 mm thick. Once outside of the anaerobic chamber,
the samples were mounted onto a cryostat and mounted in the beamline hutch. The sample was
surrounded by an empty chamber box, approximately 6 x 6” x 6”. A vacuum was then placed
on the chamber and maintained throughout analysis. Freezing temperatures were achieved by
pouring liquid nitrogen into the cryostat. The vacuum surrounding the sample helped maintain
anoxic conditions, as well as keeping uniform freezing temperatures and preventing the
development of frost on and around the sample.

Due to the dilute concentrations of arsenic, only XANES (X-ray absorption near edge
structure) scans were taken, from an energy of approximately 11640 to 12210 eV. For each
sample, 18-20 scans were taken for As, and later averaged. Data was collected in fluorescence
mode with a 100-node Ge detector. The instrument was calibrated to the correct edge position by
simultaneous analysis of an Au standard foil, in transmission mode, calibrated to 11919 eV. To
achieve the strongest arsenic detection, without interference from the high concentrations of iron,

8 layers of aluminum foil were used to decrease fluorescence detection of that element.

22



Iron speciation in the samples was analyzed via fluorescence, in the same manner as
arsenic. Energies used for the XAS scans varied between samples, but both samples collected
data at a minimum for the range 6880-7169 eV. For each sample, 6-9 scans were taken, then later
averaged. Data was collected in fluorescence mode with a 100-node Ge detector, with the
instrument calibrated with an iron foil (Fe®), which was collected for each sample
simultaneously, in transmission mode and calibrated to an edge of 7112 eV. To reduce the effect
of other elements with edge position energies close to iron, a Mn filter (Q = 3) was installed in
front of the detector, along with solar slits.

Analysis of subsequent XAS scans showed no signs of beamline alteration of the
samples, for arsenic or iron. All data were analyzed using the SIXPack software. Analysis for

both arsenic and iron was done with a slit width of 4mm and height of 1.5 mm.

Micro X-ray fluorescence (UXRF) and absorption spectroscopy (uXAS)

Microscale analyses of samples in Kapton tape were conducted on beamline 2-3 at SSRL.
Using this beamline, micro-x-ray absorption spectroscopy (LXAS) spectra were collected, along
with micro x-ray fluorescence (uWXRF) element maps to elucidate the solid-phase local
coordination environment of As. Micro x-ray absorption spectroscopy (WXAS) scans were
collected for As and Fe, while uXRF element maps were collected for the following elements:
As, Fe, S, Si, P, Cl, K, Ca, Ti, Cr, Mn, Ni, Cu, and Zn.

Micro-x-ray fluorescence was first used to create spatial maps of element locations and
relative concentrations. The mapped domain was a square with sides between 50 and 150

um along the edge. The maps were composed of pixels (step size) sized 1 pm?. Dwell time was
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30ms. All data were analyzed using the Microprobe Analysis Toolkit software (Samuel
Webb, SSRL).

The spatial element maps generated by uXRF were used to determine ideal locations
for uXAS analysis. The low concentrations of As in the soil (low relative to the instrument’s
detection ability), required that uXAS data be collected from “hotspots” of As. Once these
locations were determined, between 6-7 scans were generated for As and 1-6 scans were
generated for iron. Arsenic scans were collected from an energy of 11640 to
11900 eV, sufficiently surrounding the As K-edge (11867 eV). Fe scans were collected
from an energy of 7090 to 7160 eV, surrounding the Fe K-edge (7111 eV). All data were
calibrated by shifting energies by a constant value, determined by the adjustment of iron and
arsenate foil standards scans to their proper, known k-edge. All data were analyzed using

the SIXPack software (Samuel Webb, SSRL).

2.2.4 Sequential Chemical Extractions

To provide information about the nature of physicochemical associations between
arsenic, iron, and other compounds in the sediment minerals, sequential chemical extractions
were performed on the same homogenized sediment samples collected and prepared for analysis
on the synchrotron. Sequential extractions were performed in a modified protocol of that
presented by Keon et al. 2001(Keon, Swartz, Brabander, Harvey, & Hemond, 2001). Operational
fractions targeted by our extractions were: (1) strongly adsorbed [extracted with 1M NaH2PQO4],
(2) coprecipitated with acid-volatile sulfides (AVS), carbonate, manganese, very amorphous iron

oxides, [extracted with 1 N HCI] (3) coprecipitated with amorphous iron oxyhydroxides
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[extracted with 0.2 M ammonium oxalate/oxalic acid], (4) coprecipitated with crystalline iron
oxyhydroxides [extracted with 0.05 M Ti(lll)-citrate-EDTA-bicarbonate], (5) coprecipitated with
pyrite and amorphous arsenic sulfides (As2Ss) [extracted with 16 N HNOg3], (5) recalcitrant
[extracted with 16 N HNOsand 30% H202 using microwave digestion]. These extractions were
performed on both the bulk sediment and the fines fraction, to ensure meaningful correlation of
data between these analyses and the synchrotron analyses. All chemicals used in extractions were
of reagent grade purity or higher. The following modifications were made to the Keon 2001

protocol:

1. Samples were centrifuged for 1 hour at 4150 rpm (~3860g) before decanting and
filtering, instead of 25 min at 11000 g.

2. 2.5 g (wet mass) sediment was added to 30 mL extractant, instead of 0.4 g (dry
mass) to 40 mL extractant. This change was made to ensure high enough arsenic
concentrations in final solution to accurately measure.

3. After centrifuging, samples were syringe-filtered by 0.2um nylon filters, instead

of directly decanting after centrifuging.

Total digestions were conducted in a microwave digester, with 5-8 mL nitric acid and 5-8
mL hydrogen peroxide in a 1:1 ratio, according to the protocol of EPA Method 3050B (USEPA,
1996). All the extraction samples were analyzed on either a GFAAS (Shimadzu AA-6800) using
paladium as a matrix modifier and platform-style graphite tubes or an ICP-MS (PerkinElmer
SCIEX ELAN-DRCe). To reduce matrix effects, samples analyzed on the ICP-MS were

analyzed as duplicates, with the second duplicate spiked with a known concentration of standard
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solution. The difference in readings between the unspiked and spiked samples were used to
calculate concentrations, instead of a calibration curve.

Some of the resultant extraction solution from the TiCl extractions precipitated out as
white or clear crystal-like material. Despite further digestion attempts of these crystals,
insufficient dissolution and increased analysis associated with these additional dilutions rendered

this fraction to too uncertain to use.

2.3 Results

2.3.1 Groundwater Sampling

The results from the groundwater sampling campaigns show a notable difference in the
performance of the different types of ISR applications (Figure 2.2). Note that while we focused
on two PRBs for our solid-phase analyses, there are more applications of these two types of ISR
at the field site and groundwater data for all the PRBs are included here. The locations of all of
these monitoring wells are noted on Figure 2.1. In the PRBs where ZVI was utilized in
conjunction with carbon and sulfate, agueous-phase arsenic concentrations significantly
decreased. This is seen in the two pilot studies (“Pilot A” and “Pilot B”), as well as the large-
scale PRB (“Well 1 ‘Z’” and “Well 2 ‘Z’”) where sediment samples were collected for the solid-
phase studies. Arsenic concentrations in Pilot A dropped from ~85 ppb As to ~15 ppb As, while
Pilot B dropped from ~25 ppb As to ~5 ppb As. The ZVI PRB (Wells 1 and 2) was effective in
reducing arsenic concentrations from ~60 ppb down to ~5 ppb, capturing approximately 97% of
the mass entering the PRB over the first 16 months (Beaulieu & Ramirez, 2013). In contrast,

arsenic concentrations in the non-ZV1 applications of ISR actually increased after PRB
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installation. In both Pilot C and Pilot D (“NZ”), initial concentrations of ~160 and ~35 ppb As,
respectively, more than doubled, increasing to ~325 and ~75 ppb.

350 - Figure 2.2: Observed groundwater
T arsenic concentrations in all installed
PRB applications of ISR at the field
site. Open, grey data points correspond
to applications without ZVI, whereas
black, filled data points correspond to
applications with ZVI. Those PRBs
corresponding to our solid-phase
analyses are denoted by ‘Z’ and ‘NZ°.
Note that the ‘Z’° PRB contained
multiple monitoring wells; the two
shown are representative of the overall
behavior of the PRB. All monitoring
30 wells are noted on Figure 2.1 A portion
20 | of these data have previously been
10 - o published (Beaulieu & Ramirez, 2013).
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2.3.2  Synchrotron Analysis

XANES spectroscopy results are shown in Figure 2.3 and Figure 2.4. Normalized first-
derivative absorbance is shown for multiple locations on the sample from the Z PRB, NZ PRB,
and standard, known minerals. Pre-PRB installation samples, denoted as Z0, indicate that prior to
installation of PRBs at the site, arsenic present in the solid phase was present as a mixture of
arsenate and arsenite species. This arsenic could have been either sorbed species or incorporated
into minerals. However, due to the presence of both species, As(V) and As(l11), in particular after
treatment, it is likely that arsenate is present in a mineral phase and arsenite is a sorbed species on
that mineral. Once the Z PRB was installed, uXANES data (Z1a-A, Z3al) indicate that arsenic

shifted to lower valence species, namely arsenite and possibly arsenopyrite or other arsenic-sulfur
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species, such as realgar or orpiment. Due to the micro-scale nature of the analysis, there is some
inevitable variability between absorbance readings collected from the same sample, microns apart.
This is part of the rationale for additional analysis of the sediment, conducted on the bulk-scale
sediment, noted as “Z Bulk”, etc. The bulk sample agrees with Z3al, more so than the most
reduced sample (Z1a-A). In the NZ PRB, the uXANES samples are again a mixture of valences,
with all three (NZ2a, NZ4a, NZ4c) exhibiting some level of peak increase at the location of
arsenate peaks. However, two of the three (NZ2a, NZ4a) more strongly indicate formation of
arsenic-sulfur species. NZ Bulk is most indicative of the presence of arsenite. In the bulk samples,
there appears to be little difference between the Z and NZ PRB.

Iron XANES are shown in Figure 2.4. These data show less clear patterns than the
arsenic XANES. The two bulk samples, NZ Bulk and Z Bulk, both show slight peaks at energies
that indicate presence of magnetite (location d), a mixed-valence iron oxide. However, NZ Bulk
also has a peak at location b, indicating FeS, an Fe(Il)-sulfide. In contrast, Z Bulk has peak at
location e, indicating HFO, a ferric iron mineral. Both of these samples show additional peaks
that are not as easily classifiable. Similarly, the microscale scans show general trends, but
specific peaks are hard to identify. The NZ uXANES (NZ4a, NZ4b, and NZ4c) have peaks that
overlap locations b, ¢, and d, ferrous iron and mixed-valence iron minerals. NZ4a also has
additional peaks suggesting presence of more oxidized iron minerals. The Z uXANES scans
(Z1a-A, Z1a-B, Z2a-A, Z2a-B, and Z3al) also have peaks present at lower energies, suggesting
more reduced and mixed-valence iron minerals. However, Z1a-A and Z3al also have higher
energy peaks, mimicking the shape, and thus composition, of Z Bulk.

For better understanding of the iron speciation of iron minerals present, we noted the

location of the pre-edge peak, k-edge, and white line, all key features of iron XANES scans, and
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compared them to known reference standards (Figure 2.5). For all three features, the bulk sample

scans show a clear separation from the micro-scale data.

29



Relative Absorbance of First Derivative

7~ " I'\\
.M-?EIL-\f-v.a"’ Mo \‘ |
-~ \ ['
A
HFO -~ s
iy bl \\“ J
225 \ !
Asvstd _____. -=e’ \
\\',—
NZ Bulk "

NZ2a S “\/w
NZ4a /f\\ /—\/—/_

NZ4ac _/\/\/\
Z Bulk
Zia-A
Z3al
Z0
abc d e
11860 11865 11870 11875 11880

Energy (eV)

Figure 2.3: First-derivative arsenic XANES
spectra. Black-colored scans are samples from
the non-ZVI PRB and grey-colored are those
from the ZVI PRB. Labeled sample names
correspond to the XRF scans, shown in Figure
2.6. Dotted lines shown are k-edge values for
arsenic in different minerals, according to
standards in the literature. Standards: (a)
Arsenopyrite, As(0) (Beak & Wilkin, 2009; Onstott
etal., 2011) (b) Realgar (Onstott et al., 2011) (c)
Orpiment As(l11) (Beak & Wilkin, 2009; Kocar,
Borch, & Fendorf, 2010; Onstott et al., 2011) (d)
Arsenite As(l11) (Kocar et al., 2010; Onstott et al.,
2011) (e) Arsenate As(V) (Beak & Wilkin, 2009;
Kocar et al., 2010; Onstott et al., 2011).
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Key features for the bulk scans of ZVI PRB are present at higher energies than for NZ PRB,
indicating iron present at higher oxidation states in Z. Locations of the white line (panel a)
compared to standard spectra are ambiguous for determination of iron valence state of our
minerals. It appears likely that the majority of the microscale samples consisted of ferrous iron.
NZ Bulk was most likely composed of mixed valence state iron minerals and Z Bulk of ferric
iron minerals. Using the inflection point location (panel b) for determination of iron valence
state, all the micro-scale scans showed the presence of iron(Il) minerals. The bulk-scale scans
indicated the NZ PRB was composed of iron (1) minerals, while the Z PRB was composed of
iron(111) minerals. The pre-edge peak centroid location (panel c) for our micro-scale scans is far
below those of standard materials, thus no conclusions can be drawn from those particular data.
The locations of the pre-edge peak for the bulk-scale scans indicate that the Z PRB is composed
of iron minerals primarily containing Fe(l11), whereas the NZ PRB mostly consists of Fe(Il).
Overall, taking these three key features together, these data suggest that the locations of
uUXANES, where arsenic and iron were most concentrated, iron was present at more reduced
states, compared to the bulk samples. Additionally, these data suggest that at the bulk level, the
NZ PRB contained more reduced forms of iron, Fe(ll), than the Z PRB, which contained more
Fe(I11) and Fe(11)/Fe(111) minerals, counter to what would be expected in each of these

treatments.
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Figure 2.5: Energy locations of key features of iron XANES scans of our samples, compared to known
reference minerals. Red symbols are the samples taken from Z PRB, blue symbols are samples taken from
NZ PRB. Standard spectra data are from the literature (Kocar et al., 2010; Prietzel et al., 2007). Spectra for
Fe(0) were collected from elemental iron foil. For the box and whiskers plots, the extents of the boxes
represent the first and third quartiles of the dataset and the whiskers represent a distance of 1.5x the inter-

quartile range.

Locations of XANES scans were chosen based on uXRF scans done on sections of the

sediment. To achieve scans with the strongest signal strength possible, spatial hotspots were

selected for the XAS scans. A select number of those XRF scans are shown below in Figure 2.6.

These scans are useful in providing guidance for optimal locations for uXANES analysis, but

also for providing spatial information about element associations within the sediment.

Correlation plots are included in that figure, indicating in which samples arsenic and iron, arsenic

and sulfur, and iron and sulfur are most correlated. Results for the XRF analysis of the samples

at a micro-scale indicate heterogeneity in the sample matrix, a confirmation of the results we

observed in the XANES scans. In some of the sample locations, strong correlations existed
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between arsenic and iron; however this was not universally true (as in panel a, panel c, panel f).
In the ZV1 samples, it should be noted that while there was not always a strong correlation
between arsenic hotspots and iron hotspots, there was a correlation between arsenic hotspots and
iron. This strange relationship is true for most of the NZ samples as well, with the exception of
panel f of Figure 2.6 (sample NZ4c), where arsenic appears not to be associated with iron at all.
What was universally true for all samples though, was the strong correlation between iron and
sulfur.

Arsenic spatial correlations with other elements were also determined. The coefficient of
determination values (R?) of the correlation plots were determined and are shown in 2.7. It is
clear from these data that arsenic is not well correlated with many elements in the Z samples. In
the NZ samples, the elements all seem to have been relatively well associated with arsenic, with

the exception of Ca in NZ4a, Cu in NZ4b, and all elements other than Ca in NZ4c.
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Figure 2.6: XRF scans of 3 discrete locations on sediment from the Z PRB and 3 from the NZ PRB.
Correlation plots between As & Fe, As & S, and Fe & S are shown in between the relevant scans and are

indicated by arrows. These locations are selectively shown here as representative of associations seen in the
different sediments. Locations where XANES scans were taken are indicated. NZ2a not shown (As XANES).
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2.3.3 Sequential Extractions
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Figure 2.8: Results of sequential chemical extractions. Error bars depict propagated standard deviation of
instrumental readings for all samples within an operational fraction and the subtracted extractant blank.
Percentages given are percent mass of a given fraction, relative to the total mass extracted in all extractions
shown.

Sequential extraction results indicate that in the fines of the samples, a very small percentage

of arsenic present on the sediment from the two ISR systems was HNOz & H20,-extractable. In
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both systems, similar amounts of the total arsenic present on the fines fractions were in the
following forms: (1) HNO:s - extractable (2) HNO3z & H20.-extractable. In contrast, the key
differences were in the following forms: (1) POs — extractable (2) HCI - extractable, and (3)
oxalate — extractable. For both systems, the arsenic was present at a greater percentage as oxalate
- extractable, than in any other form.

The extractions conducted on the fines samples indicate that approximately 30% of the
iron in the sediment was HNOz & H20Oz-extractable. The ZVI system contained more iron
present as (1) HNOs - extractable, (2) HCI - extractable, and (3) PO4 — extractable, while the
non-ZV1 system contained more oxalate — extractable iron. As with arsenic, iron was present at a
greater percentage as coprecipitated with amorphous iron oxides, than in any other form, with the
exception of the recalcitrant forms.

However, the extractions conducted on the bulk fractions of the sediment samples
collected from both systems do not entirely agree with the findings of the fines fractions
analyses. The ZV1 bulk sediment sample contained nearly 40% HNO3z & H20»-extractable forms
of arsenic, in great contrast to both the non-ZVI bulk sample (~8%) and the fines fractions for
both systems (both less than 5%). The remaining extractions on the bulk samples did reveal
similar patterns between the two ISR systems: arsenic present at a greater percentage for the ZVI1
system as HCI - extractable, while a greater percentage of arsenic in the other forms for the non-

ZV1 system.
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2.4  Discussion

The goals of this study were to assess two different field implementations of ISR using
PRBs as in-situ arsenic treatment systems, determining their effectiveness at removing arsenic,
and elucidating the removal mechanisms responsible for their success and/ or failure. We
hypothesized that these two systems, one utilizing ZV1 and one using only carbon and sulfur
materials, would form different minerals and thus remove arsenic via different mechanisms and
with varying efficacy.

Groundwater data from the site indicated that arsenic removal in the two different types
of PRB implementations was vastly different. In systems which added ZVI, removal of the
arsenic contamination from groundwater occurred, whereas the arsenic was not removed, and in
fact increased in concentration, in the systems which did not include ZV1 addition. We can begin
to explain these different behaviors via the results from the solid-phase analyses.

For the NZ PRB, we anticipated arsenic-sulfides and amorphous iron-sulfides to form,
and our results support this. XRF data showed strong arsenic-sulfur correlations, and XAS data
supports this. XAS data for arsenic indicated a shift in arsenic speciation after implementation of
ISR. On a fine scale, at the micro-level, arsenic-sulfides appear to have formed, and iron XANES
indicate the presence of arsenic-iron-sulfide minerals and/or iron-sulfide minerals. Peaks remain
at the location of As(V), indicating that conditions did not become altered enough to remove
mineral phases with incorporated arsenate. The sequential extractions indicated that most of the
arsenic on the NZ fines was extractable by solutions that target arsenic coprecipitated with
amorphous iron oxides. The XRF data also show some correlation between arsenic and iron, and

strong correlations between sulfur and iron, which likely indicates sorption of arsenic (likely
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arsenite) onto the surface of iron or iron-sulfide minerals. Sequential extraction results also
indicate that some of the arsenic present in the samples (both the fines and the bulk sample) were
adsorbed to the sediment surface (15-20% was POj - extractable). Arsenic in sample NZ4b,
which only associated with a portion of the iron shown in the scan (see Figure, panel €), might
have simply sorbed onto a particular form of iron present at that location (i.e., preferential
sorption onto a specific species or form).

For the Z PRB, we anticipated formation of FeS minerals, as well as iron
(oxy)hydroxides. Again, our results support this original hypothesis; XRF data showed strong
correlations between Fe and S, iron XANES data indicate that Z Bulk formed magnetite and
HFO. Sequential extractions suggest that the majority of arsenic present in the Z PRB was
coprecipitated with amorphous iron oxides and coprecipitated with AVS, carbonate, manganese,
and very amorphous iron oxides. These extraction results also showed that around 15% of the
arsenic present in the sediment was adsorbed.

In some of the XRF scans of the Z PRB sediment, arsenic was associated with iron, but
not with the iron hotspots. This may indicate the preferential association of arsenic with
particular types of iron (that are formed at lower concentrations) than others (which formed the
hotspots). In panel c, closer inspection of the location of the arsenic hotspot reveals iron presence
at the same location. Likewise, panel a shows arsenic associated with a lower concentration area
of iron presence. XANES scans for arsenic indicate that the arsenic present in panel a and panel ¢
were reduced species, arsenopyrite/realgar/orpiment and arsenite, respectively. These data may
indicate that the arsenic present in panel ¢ (Z3al) was arsenic sorbed to a mineral phase, whereas
the other samples may either indicate arsenic sorption or incorporation into arsenic-sulfur and

arsenic-sulfur-iron species.
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In addition to the iron and arsenic speciation and association, the association between
arsenic and other elements may provide insight into arsenic sequestration mechanisms in these
systems. The correlation relationships between arsenic and other elements for the NZ PRB are all
relatively high, except for in sample NZ4c, in large contrast to the Z PRB, which indicates
arsenic is not well-associated with any other elements. However, this may be reflective of the
tendency of arsenic in these systems to partially associate with iron and sulfur, thus skewing the
r-squared values. It may also indicate the formation of multiple forms of iron in the subsurface,
with arsenic only associating with some of those forms, as is seen in the XRF data. Notably, the
correlation between arsenic and Ca in NZ4c was the only semi-strong relationship within that
sample location. This may indicate the formation of a calcium-arsenate mineral (Zhu, Zhang,
Xie, Wang, & Cheng, 2006). This contrasts with the other two NZ samples (NZ4a and NZ4b),
which had strong correlations with most elements, other than Ca.

The results of our study provide some insight into the potential differences in
performance between the two ISR applications. First, XANES data suggest that the NZ PRB
sediment formed more reduced minerals than the Z PRB, with the NZ PRB forming more mixed-
valence arsenic and iron minerals, as well as Fe(l11) and As(111) species. In contrast, the Z PRB
primarily formed Fe(I11) and As(V) species, with some formation of mixed-valence minerals.
This is counter to what would be expected in each of these systems. Most likely, the iron
concentrations in the ZVI PRB were much higher than in the NZ PRB, thus even if more reduced
species were formed, the majority of the iron may have remained as more oxidized forms,
masking the presence of those reduced forms in our measurements.

Despite many iron minerals that were not associated with arsenic, based on the XRF data,

arsenic in the Z PRB only appeared where iron was present. In the NZ PRB, Asand S
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correlations were much stronger, as we predicted. The key difference in the sequential extraction
data is the higher amount of co-precipitation with AVS, carbonate, manganese, and very
amorphous iron oxides in the Z PRB. These results all suggest that the As-S stabilization
mechanisms responsible for arsenic removal in the NZ PRB are not as effective as As-Fe or As-

Fe-S mechanisms, like the ones formed in the Z PRB.
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3. Molecular characterization of dissolved organic matter
mobilized from Bangladeshi aquifer sediment: tracking carbon
compositional change during microbial utilization
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3.1 Abstract

Bioavailable organic carbon (OC) in aquifer-recharge waters and sediments can fuel
microbial reactions with implications for groundwater quality. OC in recharge water is typically
considered more bioavailable than that in sediment. However, an incubation experiment using
two different recharge waters and sediment collected from a site in Bangladesh demonstrated
that OC mobilized off sediment during collection and during incubation due to pH changes was
fermented into methane. We used high resolution mass spectrometry to characterize this
mobilized OC, to compare its composition to that of recharge waters, and to track compositional
changes during incubation. OC in the two recharge waters was molecularly similar and less
chemically diverse than sedimentary OC, but all samples were rich with compounds containing
nitrogen, phosphorous and, in particular, sulfur. We propose organosulfur compounds could act
as a marker for carbon originating from anaerobic subsurface environments. Indices of chemical
liability did not predict bioavailability; sedimentary OC contained thousands of chemically labile
compounds that had persisted in the aquifer, and during incubation, microbes operated on
chemically recalcitrant compounds. Microbes fully degraded recalcitrant compounds that lacked
sulfur and phosphorous, and increased the heteroatom content of those that contained sulfur and

phosphorous, potentially generating molecules needed for methanogenesis.

3.2 Introduction

Organic carbon (OC) in aquifer sediments can impact groundwater quality, both
positively and negatively, by fueling microbial reactions that remove and contribute dissolved
contaminants to groundwater (e.g., natural attenuation of nitrate (Korom, 1992), mobilization of

geogenic arsenic (Postma et al., 2007), methane production (Parkin & Simpkins, 1995)).
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Ultimately, the reactivity and bioavailability of sedimentary OC (SOC) will dictate the extent to
which it can fuel subsurface reactions. In sedimentary aquifers, OC is often considered to have a
low reactivity relative to that found in soils and marine sediments (Christensen et al., 2000;
Hartog, van Bergen, de Leeuw, & Griffioen, 2004; Jakobsen & Postma, 1994), with increasing
age frequently corresponding with increased chemical recalcitrance (Chapelle et al., 2009;
Jakobsen & Postma, 1994; Postma et al., 2012). Over time, more chemically labile OC is thought
to be preferentially degraded, leaving more chemically recalcitrant forms behind.

However, OC reactivity is controlled by more than its chemical nature. Studies in soils
and sediments demonstrate that ambient conditions, such as pH, temperature and nutrient
concentrations can control rates at which microbes process OC (Arndt et al., 2013; McDowell et
al., 2006; van Bergen, Nott, Bull, Poulton, & Evershed, 1998); physical protection mechanisms,
such as OC sorption to mineral surfaces, can limit microbial access to carbon (Baldock &
Skjemstad, 2000; Petridis et al., 2014); and energetic constraints and metabolic capacity of
microbial communities can control the ability of microbes to process different chemical forms of
OC (Fontaine et al., 2007; Trulleyova & Rulik, 2004). It is these factors that help explain the
presence of old (i.e., thousands of years old) but chemically reactive OC in soils and sediments
(Fontaine et al., 2007; Gurwick et al., 2008; Parkin & Simpkins, 1995).

Neumann et al. (Neumann, Pracht, Polizzotto, Badruzzaman, & Ali, 2014a) previously
conducted an incubation experiment using sediment and waters from Munshiganj, Bangladesh,
that was designed to evaluate the ability of OC in aquifer-recharge waters and aquifer sediment
to fuel microbial reduction reactions and arsenic mobilization. The study uncovered a pool of
bioavailable OC in the aquifer sediments, equating to 0.33 + 0.06 mg OC g* sediment, or 8.8 +

0.7% of the total SOC (See Chapter 4, Section 1), likely destabilized during sampling and
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collection. By the end of the experiment, the native microbial community fermented the
mobilized SOC into methane. The tested sediment was a fine-grained sand and lacked peat
(Chapelle, 2000), silt, and clay components (Aravena & Wassenaar, 1993; Chapelle et al., 2009;
Desbarats, Koenig, Pal, Mukherjee, & Beckie, 2014; McMahon & Chapelle, 1991) often
implicated as sources of SOC fueling subsurface reactions.(Aravena & Wassenaar, 1993;
Chapelle et al., 2009; Desbarats et al., 2014; McMahon & Chapelle, 1991) The experiment
demonstrated that old (~5000 years old), sandy aquifer sediments can contain a notably large
amount of microbially-available OC. While SOC in the experiment was destabilized, and thus
made accessible to microbial degradation, during sampling, homogenizing, and/or handling of
the sediment, there is potential for in situ release of SOC. At the field site where incubation
materials were collected, dissolved organic carbon (DOC) concentrations in groundwater
remained constant with depth, but DOC age increased (Harvey et al., 2002); a situation that is
only possible if SOC was released along the groundwater flow path as younger DOC was
mineralized or sequester into sediment (Neumann et al., 2010). Previous work in an
anthropogenically disturbed system in Vietnam (van Geen et al., 2013) similarly supports the
potential for in situ destabilization of SOC. At this site, which is impacted by urban groundwater
pumping, an influx of riverine DOC into a Pleistocene-aged aquifer led to the release of SOC.
Along the recharge pathway, DOC concentrations peaked where microbial reduction and arsenic
mobilization were occurring, and the river could not have supplied enough carbon for the
reduction reactions.

Given the potential importance of SOC for fueling subsurface reactions, we sought to
identify the carbon compounds mobilized off aquifer sediment in the Neumann et al. (Neumann

et al., 2014a) experiment, to compare this carbon composition to that of aquifer-recharge waters,
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and to track changes in chemical composition as mobilized SOC was fermented into methane.
This effort characterizes a previously undocumented pool of bioavailable OC in sandy aquifer
sediments and advances understanding of how OC chemical composition relates to
bioavailability.

To characterize OC, we utilized Fourier transform ion cyclotron resonance mass
spectrometry (FT-ICR-MS), coupled with electrospray ionization (ESI) in negative ion-mode.
FT-ICR-MS is currently the only analytical technique capable of characterizing the thousands of
different compounds contained in OC. The technique is not quantitative, as the ionization
efficiency of compounds vary, making some compounds more difficult or impossible to identify
(Sleighter & Hatcher, 2007). FT-ICR-MS resolves carbon compounds of unique mass-to-charge
ratios (m/z), which are used to determine the elemental composition of compounds present, with
afocuson C, H, O, N, S, and P atoms. This technique has been applied to natural organic matter
in a variety of environments (D’ Andrilli et al., 2010; Longnecker & Kujawinski, 2011; Spencer
et al., 2014; Tfaily et al., 2013), but no studies have assessed the chemical composition of OC
associated with aquifer sediment. Further, most studies have focused on characterizing OC; only
a handful have directly tracked changes in elemental composition as OC was processed by
microbes and protozoa (Chipman et al., 2010; Kim, Kaplan, & Hatcher, 2006; Kujawinski, Del
Vecchio, Blough, Klein, & Marshall, 2004; Longnecker & Kujawinski, 2011; Lu et al., 2015;

Osborne et al., 2013).

3.3 Materials and Methods

Incubation. Material collection details and setup of the incubation experiment were

previously described (Neumann et al., 2014a). Briefly, water and sediment for the experiments
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were collected from a field site in Munshiganj, Bangladesh. Aquifer sediment was collected from
a depth of 9.1 m, where conditions were anoxic and groundwater arsenic concentrations were
<10 pg-Lt (Swartz et al., 2004). Sediment was homogenized and half of it was dried and
sterilized. Sediment that was not sterilized prior to incubation was used in the “biotic”
treatments, providing the native microbial populations, whereas sterilized sediment was used in
the “abiotic” sediment. Prior to incubation, aliquots of homogenized aquifer sediment were
vacuum-filtered through 0.2 um polyethersulfone (PES) filters to collect sediment porewater.
Aquifer-recharge waters were collected from underneath a rice field and from sediments of a
200-year-old pond; rice fields and ponds represent the two main aquifer-recharge sources at this
site (Harvey et al., 2006). Recharge waters collected from these locations were previously
characterized by other researchers at our field site by biologically degradable OC (BDOC)
experiments (Neumann et al., 2010). Aquifer sediment (8.2 g, dry weight) was combined with
recharge water (10 mL) and, over the course of the experiment, bottles were destructively
sampled. The experiment was maintained until DOC concentrations decreased and then
stabilized. Samples were kept anoxic during all collection and processing steps.

FT-ICR-MS. Aliquots of vacuum-filtered water samples from the incubation experiment
were immediately frozen and later packed in dry ice and shipped to the Environmental Molecular
Sciences Laboratory at Pacific Northwest National Laboratory in Richland, WA, where they
were analyzed using a 12 Tesla Bruker SolariX Fourier transform ion cyclotron resonance (FT-
ICR) mass spectrometer. Analysis details and instrument parameters are included in the Sl
(Section 3.2).

To improve robustness of sample characterization, experimental replicates were

combined during data processing. Peaks present in any replicate were considered present for the
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combined sample. Further, since low DOC concentrations can reduce ionization effectiveness,
incubation samples collected in close temporal proximity to each other, and with similar DOC
concentrations, were treated as replicates; samples collected between 17-20 days and between
80-91 days after experiment initiation were combined. Due to variation in ionization efficiency
of different compounds, peak presence was used rather than peak intensity. Elemental formulas
in combined samples were used to divide OC into 8 distinct heteroatom groups (CHO, CHON,
CHOP, CHONP, CHOS, CHONS, CHOSP, and CHONSP) and to calculate an aromaticity index
(Al) (Koch & Dittmar, 2006, 2016),

Al=[1+C-0.5*0-S-0.5*(N+P+H)] / (C-0.5*0 -S—N - P), 1)
which identifies samples as alkanes (AI=0), olefinics (0<AI<0.5), aromatics (AI>0.5), or
condensed aromatics (A1>0.67) (Koch & Dittmar, 2006; Willoughby, Wozniak, & Hatcher,
2014).

Plots of the ratio of oxygen-to-carbon vs. hydrogen-to-carbon within identified organic
compounds (i.e., van Krevelen plots) (Kim, Kramer, & Hatcher, 2003; van Krevelen, 1950) were
generated to gain insight into the chemical nature of OC; major chemical classes (e.qg., lipids,
proteins, amino sugars, cellulose, lignins, tannins, condensed hydrocarbons) occupy known H-to-
C and O-to-C regions (see Figure 3.1) (Hedges, 1990; Kim et al., 2003; Pedler Sherwood et al.,
2015). In particular, compounds with H-to-C ratios greater than 1.5 (i.e., higher degree of
hydrogen saturation) are considered more bioavailable (D’ Andrilli, Cooper, Foreman, &

Marshall, 2015).

3.4 Results and Discussion
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DOC Composition in Aquifer-Recharge Waters. Pond and rice field recharge waters
collected for the incubation experiment had similar numbers (same order of magnitude) of
assigned formulas from FT-ICR-MS: 835 (pond) and 627 (rice field). Both waters contained a
mixture of OC that included compounds with varied heteroatom groups, H-to-C and O-to-C
ratios, masses, and aromaticity (Figures 3.1a, 3.1b, Appendix.1). The overall chemical
composition of DOC in the two waters was similar. In particular, Figures 3.1a and 3.1b show that
compounds in the two waters with equivalent heteroatom groups and comparable masses
occupied analogous areas of the van Krevelen diagram. This correspondence indicates that not
only did DOC in the two waters have similar classes of compounds, but that these compound
classes were composed of similarly-sized molecules containing comparable heteroatom groups.

Despite the correspondence, DOC in the two waters did slightly differ from each other,
and these differences indicated that DOC in pond recharge water was more chemically labile
than that in rice field recharge water. Based on aromaticity index, DOC in pond recharge water
had a higher percentage of olefinic compounds (45% vs. 37% in rice field recharge) and lower
percentage of condensed aromatic compounds (19% vs. 30% in rice field recharge) (Figure
Appendix.1). Figures 3.1a and 3.1b similarly shows that in pond recharge water, 38% of organic
molecules had H-to-C ratios >1.5, compared to 33% in rice field recharge water. More
chemically labile compounds are associated with H-to-C ratios >1.5 (D’ Andrilli et al., 2015).
However, as discussed in Chemical Indices and Bioavailability, H-to-C ratios provide insight
into chemical lability, but they do not necessarily indicate if compounds will be biologically
degraded. Microbial utilization of compounds in the incubation experiment was not always

biased toward those with high H-to-C ratios (see Carbon Transformations: Day 18 to 85).
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The relatively small compositional differences between the two waters align with a
previously conducted biological degradable organic carbon (BDOC) assay, by other researchers
at our site, that showed pond recharge water contained ~7mg/L more BDOC than rice field
recharge water (Neumann et al., 2010). The assay used waters from the same pond and rice field
and tracked loss of DOC in aerobic conditions by microbes contained within the sampled

recharge water.
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Figure 3.1: van Krevelen diagrams for each heteroatom group in the native incubation materials: (a) pond
recharge water, (b) rice field recharge water, and (c) sediment porewater. Data point color reflects molecular

mass of the organic compound according to the color bar. Grey shaded areas mark the H-to-C and O-to-C ratio

of model chemical classes, as indicated in the legend. The percent of compounds present in each heteroatom
group with H-to-C ratios above and below 1.5 is noted on each diagram above the below the dashed line,

respectively.
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If waters used in the two assessments (i.e., BDOC and FT-ICR-MS) were directly
comparable, results imply that small (i.e., 5%) differences in OC composition can have
measurable impacts on overall bioavailability. However, the waters may not be directly
comparable because they were collected in different years. In addition, FT-ICR-MS does not
evenly ionize every OC compound and compositional analyses cannot account for microbial
community composition and selective preference for carbon types. Recharge waters were
collected from anaerobic environments and were kept anaerobic for molecular characterization,
but the BDOC experiments that were conducted previously by other researchers were conducted
aerobically. Aerobic exposure could have altered microbial viability or DOC composition.

DOC Composition in Sediment Porewater. Concentration and character of OC
mobilized off aquifer sediment into sediment porewater differed from that in the aquifer-recharge
waters. The sediment porewater, which was previously shown to have a higher DOC
concentration than the recharge waters (1059 + 186 mg/L (Neumann et al., 2014a) vs. 17 + 7
mg/L (rice field) and 30 = 3 mg/L (pond)), also had a higher total number of assigned formulas
(5263 vs. 835 (pond) and 627 (rice field)). Similar to DOC in recharge waters, DOC in sediment
porewater ranged in size from 200 to 1100 Da, and was relatively well distributed among the
eight different heteroatom groups (Figure 3.3c). DOC in sediment porewater had a heavier mass
distribution than that in the recharge waters, particularly for compounds with H-to-C ratios
below 1.5 (Figure Appendix.2).

Comparing the overlap of identified compounds with known compound classes in the van
Krevelen diagram (Figure 3.1c) indicates that ~25% of DOC in sediment porewater had H-to-C
and O-to-C ratios matching that of terrestrially derived organic matter (i.e., cellulose, lignin and

tannin-like compounds), ~15% had ratios matching that of microbially-derived organic matter
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(i.e., lipid-, protein-, amino-sugar-like compounds), and ~30% had ratios matching that of highly
condensed organic matter (i.e., coal-, soot-, charcoal- and black-carbon-like compounds). The
remaining 30% had ratios that did not overlap with a known class. Compound overlap for
recharge waters (Figures 3.1a and 3.1b) indicates that proportionately less DOC in pond and rice
field recharge had H-to-C and O-to-C ratios matching that of terrestrially derived organic matter
(~20% versus ~25% in sediment porewater) and highly condensed organic matter (~20% versus
~30% in sediment porewater), and proportionately more had ratios matching that of microbially-
derived organic matter (~30% versus ~15% in sediment porewater). Similar to sediment
porewater, 30% of DOC in the recharge waters had ratios that did not overlap with a known
class. These overlaps imply that all water types were composed of differentially sourced organic
matter, but that recharge waters likely contained proportionately more microbially-derived
organic matter than the aquifer sediment.

In all waters, roughly half of all identified molecules had sulfur heteroatoms (47% in
pond recharge, 60% in rice field recharge, and 51% in sediment porewater) (Figure 3.3). Other
FT-ICR-MS studies focused on groundwater systems have similarly found that DOC in
groundwater is rich with sulfur heteroatoms (Evert, 2015; Longnecker & Kujawinski, 2011).
Organosulfur compounds form in organic, sulfate-reducing environments where reduced sulfide
species can react with various forms of organic matter (Heitmann & Blodau, 2006; Perlinger,
Kalluri, Venkatapathy, & Angst, 2002; Schouten, van Driel, Sinninghe Damsté, & de Leeuw,
1993). As such, organosulfur compounds have been detected in various anaerobic environments
(Brown, 1986; Urban, Ernst, & Bernasconi, 1999). In an aquifer system in Rifle, CO, sulfur
heteroatom abundance increased as DOC was sampled from more chemically reduced zones

(Evert, 2015). Sediment and water samples obtained for our incubation study similarly came
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from chemically reduced environments. Sulfurization of organic matter is an abiotic process that
occurs early in sediment diagenesis at ambient temperatures and pressures (Kohnen, Sinninghe
Damste, & De Leeuw, 1991; Schouten et al., 1993). However, biologically-mediated reactions
can also form organosulfur compounds, for example, methionine and cysteine are sulfur-
containing amino acids (Brosnan & Brosnan, 2006). In the incubations, large numbers of
organosulfur species were lost, formed and modified by both biotic and abiotic reactions (see
sections titled Carbon Transformations).

Based on aromaticity index, DOC in sediment porewater had a similar percentage of
alkanes, a smaller percentage of olefinics, and a larger percentage of aromatics compared to
DOC in recharge waters (Figure Appendix.1). The percentage of condensed aromatics in
sediment porewater DOC was larger than that in pond recharge, but matched that in rice field
recharge. These Al differences imply that DOC in sediment porewater consisted of
proportionately more refractory carbon compounds than DOC in recharge waters. Similarly,
Figure 3.1 shows that the percentage of organic compounds with H-to-C ratios above 1.5 in
sediment porewater was roughly half of that in aquifer-recharge waters (19% versus 38% (pond)
and 33% (rice)). Collectively, these results align with classical understanding that young surface-
derived OC is more chemically reactive than older sedimentary-derived OC (Schmidt et al.,
2011). However, given sediment porewater contained ~35-times more DOC than the recharge
waters, the pool of chemically reactive OC was actually larger in sediment porewater than in
recharge water. Existence of thousands of chemically labile organic molecules within aquifer
sediment that is thousands of years old implies that these organic molecules were inaccessible to
in situ microbes, otherwise they would have been metabolized. Possible explanations for

existence of these carbon compounds within the sandy aquifer sediment could include those put
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forward to explain the presence of old, chemically labile organic matter in soils: physical,
energetic and/or nutritional limitations (Schmidt et al., 2011).

Carbon Transformations: Day 1.5 to 18. At the onset of the incubation experiment, 1.5
days after recharge waters were mixed with aquifer sediment, DOC concentrations and
composition were dominated by sediment porewater. DOC concentrations were approximately
150-250 mg/L (Figures 3.2a-d), which could be explained by dilution of DOC in sediment
porewater with recharge water (Neumann et al., 2014a). At this early time point, the number of
compounds identified in each incubation treatment was 3051 for pond recharge water mixed with
sterilized sediment (i.e., pond abiotic incubation), 3162 for pond recharge water mixed with
native sediment (i.e., pond biotic incubation), 4089 for rice field recharge water mixed with
sterilized sediment (i.e., rice field abiotic incubation), and 4120 for rice field recharge water
mixed with native sediment (i.e., rice field biotic incubation) (Figures 3.2e-h). Characterization
of DOC showed that these initial incubation samples were more similar to sediment porewater

than to aquifer-recharge waters (compare Figure 3.1 to Figures Appendix.3a and Appendix.4a).

64



Pond Pond Rice Rice
Abiotic Biotic Abiotic Biotic
300 - 3 ’
g E 200 - e
O a 100 ~ S
= oA B e |C D. N )
S 6000t #--® [F G H o
£ -, - e -9 -~
S 4000 .6 4 PSR o ® - .
. ) e ®
£ 20007 - . o
] 0 ¢ b .
= 1518 8 1518 8 15 18 8 1518 85
Incubation Day
-e-total ecommon eformed lost

Figure 3.2: Concentrations of DOC (panels a-d) and number of organic compounds (panels e-h) 1.5, 18 and 85
days after initiation of the incubation experiments. In panels e-h, black symbols indicate the total number of
compounds present at a given time point. Symbols plotted between the time points indicate (blue) the number of
compounds common to both time points, (red) the number of new compounds formed between the two time
points, and (grey) the number of compounds lost between the two timepoints.

Between day 1.5 and day 18, DOC concentrations did not noticeably change in
incubations conducted with rice field recharge water (i.e., a change of -69+104 mg/L and
+13+16 mg/L in abiotic and biotic rice field incubations, respectively) and concentrations
increased in incubations conducted with pond recharge water (i.e., a change of +28+16 mg/L and
+13+5 mg/L in abiotic and biotic rice field incubations, respectively) (Figures 3.2 a-d). During
this time period, the number of identified compounds increased in all treatments relative to the
beginning of the incubation, with abiotic and biotic pond incubations both receiving ~4000 new
compounds and abiotic and biotic rice field incubations both receiving ~2000 new compounds
(Figures 3.2 e-h). These new compounds were distributed across all heteroatom groups, with S-
and P-containing groups (i.e., CHOS, CHONS and CHONPS) receiving the largest number of
new compounds (Figure 3.3b). Fewer compounds were lost during this time period than were
formed, and the type of recharge water used in incubation had no impact on the number of lost
compounds. Instead, use of sterilized versus native sediment controlled compound loss. Both
incubation sets with native sediment (i.e., pond and rice field biotic incubations) lost ~1500
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compounds while both incubation sets with sterilized sediment (i.e., pond and rice field abiotic
incubations) lost ~800 compounds (Figures 3.2e-h). The fact that a similar number of new
compounds were formed in both abiotic and biotic treatments for a given recharge water, and
that a greater formation than loss of compounds occurred (i.e., new single compounds did not
simply evolve from a single lost compound) implies that OC was mobilized off the aquifer
sediment in the early stages of incubation, with pond recharge water facilitating greater
mobilization of OC than rice field recharge water. Further, OC mobilized off sediment prior to
incubation (i.e., DOC in sediment porewater) was rich in compounds containing S and P
heteroatom groups (Figure 3.1c), aligning with the greater formation of CHOS, CHONS and
CHONPS compounds during incubation (Figure 3.3b). If this interpretation is correct,
mobilization in pond recharge incubations was large enough to measurably increase DOC

concentrations, while mobilization in rice field recharge incubations was not.
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Figure 3.3: The number of compounds lost (panels a, d), the number of compounds formed (panels b, e), and the
ratio of formed to lost compound (panels c, ) in the incubation experiments for each heteroatom group between
days 1.5 and 18 (panels a-c) and between days 18 and 85 (panels d-f). The blue line in panels ¢ and F mark the
1:1 ratio of formed to lost compounds.

66



In agreement with this interpretation, multiple ways of visualizing FT-ICR-MS data
reveal that newly formed compounds at day 18 of incubation were chemically similar to those
present at day 1.5. The red and black lines labeled A in Figure 3.4, as well as in Figures
Appendix.5-Appendix.7, plot the total number of compounds present at day 18 of incubation (red
lines) and the number of compounds present at day 18 that were also present at day 1.5 (black
lines) against the H-to-C, O-to-C, N-to-C, P-to-C and S-to-C ratios for each heteroatom group.
These plots demonstrate that newly formed compounds had similar heteroatom ratios as existing
compounds, and that compound growth was focused in areas with the largest initial compound
occurrence. Finally, the mass distribution of compounds detected at day 18 of incubation
mimicked that of compounds detected at day 1.5 of incubation (Figures Appendix.8,
Appendix.9). The relative proportion of compounds within a given mass range was similar at the
two time points, but the total number of compounds in each mass range was greater at day 18
than at day 1.5.

Greater mobilization of carbon off aquifer sediment in incubations conducted with pond
recharge water could be related to the higher initial pH of these incubations. At day 1.5, average
pH for incubations conducted with pond recharge water (abiotic and biotic treatments) was 7.94
+ 0.04 while those conducted with rice field recharge water (abiotic and biotic treatments) was
7.59 + 0.20. Multiple soil-focused studies have demonstrated that an increase in solution pH
promotes desorption of natural organic matter (Gu, Schmitt, Chen, Liang, & McCarthy, 1994;
Jardine, McCarthy, & Weber, 1989; Kaiser & Zech, 1999).

Greater loss of compounds in incubation sets conducted with native sediment relative to
those conducted with sterilized sediment indicate that microbial transformation of OC occurred

during the first 18 days of the experiment, even though such transformations were not notably
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decreasing DOC concentrations (Figure 3.2). Figure 3.3a indicates that these microbial
transformations were focused on compounds containing S and P, but that the greatest loss
occurred for compounds that contained S but lacked P (i.e., CHOS and CHONS).

Overall, there was a similar pattern of compound loss across heteroatom groups for both
biotic and abiotic incubations, indicating that these initial microbial transformations were likely
enhancing those occurring abiotically. Figure 3.4, as well as Figures Appendix.5—-Appendix.7,
show that lost compounds in all incubations had low H-to-C, N-to-C, P-to-C and S-to-C ratios
and more evenly distributed O-to-C ratios (see grey lines labeled A). Fate of the lost compounds

is unclear and largely masked by the large formation of new compounds.
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Rice Field Recharge Water Mixed with Native Sediment (Rice Biotic)
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Figure 3.4: Evolution of H-to-C, O-to-C, N-to-C, P-to-C and S-to-C ratios over time in the biotic rice field
incubations for each heteroatom group. Grey lines reflect the number of compounds lost between days 1.5 and
18 (labeled A) and between days 18 and 85 (labeled B), black lines reflect the number of compounds common to
the noted timepoints, and red lines reflect the total number of compounds present at the latest of the noted
timepoints (i.e., day 18 for line A and day 85 for line B).

69



Carbon Transformations: Day 18 to Day 85. Between day 18 and 85, DOC was lost
from incubations conducted with native sediment, but not from those conducted with sterilized
sediment (Figures 3.2a-d). Carbon mass balance calculations indicated that DOC lost in biotic
incubations was fermented into methane (Neumann et al., 2014a). Accordingly, the number of
identified compounds by FT-ICR-MS decreased in both biotic incubations but did not change in
abiotic incubations (Figures 3.2e-h). However, there was not a direct relationship between DOC
concentration and number of compounds; both biotic incubations lost similar amounts of DOC
by day 85 (i.e., -111 + 12 and -120 = 16 mg/L in pond and rice field incubations, respectively),
but compound decrease was larger for those conducted with pond recharge water than for those
conducted with rice field recharge water (Figure 3.2).

In abiotic incubations, the ratio of formed-to-lost compounds in all heteroatom groups
hovered near one (Figure 3f) with the exception of CHOPS in the abiotic pond incubation where
the ratio was notably larger than one. The pattern of formation and loss across heteroatom groups
during this later time period (i.e., 18 to 85 days) was similar to that during the early time period
(i.e., 1.5 to 18 days), with S- and P- containing groups experiencing the greatest loss and gain of
new compounds (Figures 3.3a,b,d,e). There are a few possible interpretations for these abiotic
patterns. The first is that in this later time period, organic matter continued to be mobilized off
aquifer sediment, as was assumed to have occurred in the earlier time period, but rates of
mobilization (i.e., formation of new compounds) were slower such that they matched rates of
abiotic conversion (i.e., loss of compounds). Additionally, S- and P- containing compounds
could have simply exchanged with each other on the sediment. Exchange of OC is known to
occur in soils, driven by differences in hydrophobicity (Kaiser & Zech, 1998). Another

possibility is that no further organic matter was mobilized off aquifer sediment and newly
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formed compounds largely evolved from lost compounds. In this situation, the larger loss and
gain of compounds with S and P could reflect that fact that these compounds types were more
chemically reactive than those lacking S and P. As was the case in the earlier time period, abiotic
reactions in this later period did not notably change the character of OC. Figures Appendix.5 and
Appendix.7 illustrate that lost and formed compounds had similar heteroatom ratios and Figure
Appendix.10 demonstrates they had almost identical molecular mass distributions.

In biotic incubations, patterns of compound formation and loss across different
heteroatom groups was similar to that in abiotic incubations, with S- and P- containing groups
experiencing the largest loss and gain of compounds (Figures 3.3d-e). However, in biotic
incubations, there was a greater overall loss of compounds in all heteroatom groups, except
CHOPS where compound loss was similar between biotic and abiotic incubations (Figure 3.3d).
In the biotic pond incubation, the ratio of formed to lost compounds was below one for all
heteroatom groups (Figure 3.3f), indicating there was more compound loss than formation in this
incubation. In the biotic rice field incubation, the ratio of formed to lost compounds was below
one for all but the CHONS, CHOPS and CHONPS heteroatom groups (Figure 3.3f). In both
pond and rice field biotic incubations, there was a general increasing trend in the formed-to-lost
ratio as P and S heteroatoms were added to molecules.

Some formation and loss of S- and P-containing compounds in biotic incubations could
reflect abiotic processes. However, in biotic incubations, unlike in abiotic incubations, loss and
formation of compounds changed the overall chemical character of OC. Even in the biotic rice
field incubation, where the ratio of formed-to-lost compounds for S- and P-containing
heteroatom groups exceeded one (Figure 3.3f), there was a net loss of certain compound types.

The fully lost types included P-containing compounds (i.e., CHOP and CHONP) with H-to-C
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ratios greater than 0.8 and S-containing compounds (i.e., CHOS, CHONS, CHOSP, CHONSP)
with H-to-C ratios greater than 1.5 (Figures Appendix.3, Appendix.4). Interestingly, compounds
not fitting these general patterns were those with larger molecular mass (i.e., greater than 900 to
1000 Da); larger compounds with high H-to-C ratios existed at both time periods.

With regards to formation of S- and P-containing compounds, in biotic incubations, these
compound types had higher O-to-C, P-to-C, and S-to-C ratios at day 85 than at day 18 (compare
grey and red lines labeled B in Figure 3.4 and Appendix.6). The H-to-C and N-to-C ratios did not
notably change. This shift in heteroatom ratios did not occur in abiotic incubations (Figures
Appendix.5 and Appendix.7), indicating microbes either added O, P, and S to existing molecules
or decreased the size of existing molecules with O, P, and S. The relative mass distributions of
compounds present at day 18 and 85 remained the same (Figure Appendix.11), and thus we
interpret the change as microbially-driven heteroatom enrichment. The O, P, and S enrichment
of compounds that remained after most OC was fermented into methane could reflect microbial
metabolites, enzymes or other microbially-produced compounds needed for methanogenesis.
Sulfur and phosphorous are both required nutrients for methanogenesis (Hand & Honek, 2005;
Medvedeff, Inglett, & Inglett, 2014), and some required organic compounds could have high
heteroatom ratios. One example is thiol 2-mercaptoethanesulfonate, or coenzyme M, which is
required for methanogenesis, and has an S-to-C ratio of one (Hand & Honek, 2005). Other
studies have directly connected presence of organosulfur species (D’ Andrilli, Foreman,
Marshall, & McKnight, 2013; Gonsior et al., 2011) and generation of oxygen-rich functional
groups (Meng, Huang, Li, & Li, 2012) with microbial activity.

In contrast to heteroatom groups containing S and P, the two groups lacking S and P (i.e.,

CHO and CHON) both lost compounds between days 18 and 85 in the biotic incubation and
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gained few compounds during this period (Figures 3.3d-e). Compound loss in both groups defied
what is expected based on indices of chemical lability. In the CHO group, compounds with lower
H-to-C ratios were lost and not regenerated, while those that remained unmodified by microbial
activity had higher H-to-C ratios (i.e., H-to-C >1.25; Figures 3.4, Appendix.3, Appendix.4,
Appendix.6). In the CHON group, almost all compounds were fully utilized and not regenerated
by native microbes, including those typically considered chemically recalcitrant (Figures 3.4,
Appendix.3, Appendix.4, Appendix.6). Microbes may have targeted CHON compounds to gain
access to nitrogen; however, other nitrogen containing compounds were not targeted in the same
manner. Alternatively, microbes may have degraded CHON compounds in order to create
CHONP, CHONS and CHONPS compounds.

Overall, the chemical character of OC remaining at day 85 was highly heterogeneous and
unique from that found initially in the recharge waters and sediment porewater (compare Figures
3.1a and 3.1b to Figures Appendix.3a and Appendix.4a). Dissolved organic concentrations were
similar to those in recharge waters (Figures 3.2b,d), but DOC in the incubation was more
chemically diverse and contained notably more organosulfur compounds with low H-to-C ratios
than DOC in recharge waters.

Chemical Indices and Bioavailability. The direct link between microbial use of OC and
chemical character of OC afforded by this study demonstrates that indices of chemical lability
(e.g., H-to-C ratios) are helpful for understanding microbial processing of organic matter, but
they cannot predict bioavailability. During incubation, microbes operated on compounds
considered chemically recalcitrant. For the CHO and CHON heteroatom groups, these
recalcitrant compounds were fully utilized and not regenerated (Figures 3.4, Appendix.6). For S-

and P-containing heteroatom groups, microbes increased the S-to-C and P-to-C ratio of
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chemically recalcitrant compounds (Figures 4, Appendix.6), potentially converting them into
forms needed for methanogenesis. This conversion of chemically recalcitrant compounds implies
that while these compound types are not mineralized by microbes, they might, nonetheless, be
important for facilitating mineralization of other OC forms. Thus, chemically recalcitrant
compounds should not necessarily be interpreted as inert terminal end products (Large, 1983;
Weston & Joye, 2005). These examples align with those evolving from the soil science literature
(Schmidt et al., 2011) demonstrating that chemical lability is one of many factors controlling fate
of OC.

Broader Perspective for Destabilization of SOC. In this experiment, OC was initially
mobilized off Bangladeshi aquifer sediment due to sampling, homogenizing, and/or handling of
the sediment. The incubation demonstrated the carbon was microbially-available; most of it was
fermented into methane (Neumann et al., 2014a). As previously discussed, if this pool of OC
were destabilized in situ, it could fuel microbially-mediated subsurface reactions with
consequences for groundwater quality. Groundwater in Bangladesh contains high concentrations
of dissolved methane, and this methane gets directly emitted to the atmosphere when
groundwater is pumped up for rice irrigation (Neumann, Pracht, Polizzotto, Badruzzaman, & Ali,
2014b). Increases in DOC concentrations early in incubation, as well as increases in the number
of compounds identified by FT-ICR-MS during this period with both native and sterilized
sediment (Figure 3.2) imply that OC was abiotically released from aquifer sediment. Release
presumably reflected re-equilibration of OC between dissolved and sorbed phases, driven by a
change in pH, and indicates a mechanism for in situ destabilization of SOC. Changes in
groundwater chemistry (e.g., an increase in groundwater pH), driven, for example, by pumping

induced rearrangement of groundwater flow paths, could facilitate mobilization of SOC.
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Incubation data indicated that pond recharge water had a higher pH than rice field recharge
water, and thus pond recharge water facilitated greater SOC mobilization (Figure 3.2). If this
behavior is applicable to the field setting where incubation materials were obtained, then SOC
could be mobilized when sediment that has been in contact with groundwater that evolved from
rice field recharge is suddenly exposed to higher pH groundwater that evolved from pond
recharge.

FT-ICR-MS showed that the mobilized SOC was highly diverse. It was composed of a
large number of compounds containing a variety of heteroatom groups and likely originating
from both terrestrial and microbial sources. Many of these compounds contained sulfur. Given
that other FT-ICR-MS studies focused on subsurface systems have similarly seen a large
presence of organosulfur compounds (Evert, 2015; Longnecker & Kujawinski, 2011; Sleighter et
al., 2014), S-containing compounds could act as a marker for carbon evolving from organic-rich,
anaerobic subsurface environments. During incubation, organosulfur compounds were actively
transformed in both abiotic and biotic treatments; but after most of the DOC was fermented into

methane ~80% of the remaining OC contained S (Figures Appendix.3b and Appendix.4b).
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Sediment to Determine Priming Effects
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4.1  Introduction

Arsenic-contaminated groundwater is a worldwide concern; the result of both geogenic
and anthropogenic sources. In naturally-contaminated systems, organic carbon fueling reductive
dissolution of iron hydroxides is considered to be the primary mechanism of mobilization of
arsenic off sediment into groundwater. Previous laboratory incubations (Neumann, Pracht,
Polizzotto, Badruzzaman, & Ali, 2014) of aquifer sediment and groundwater collected from a
contaminated subsurface system in Bangladesh revealed a pool of biologically available organic
carbon mobilized from the sandy sediment. Results indicated that sediments can contain
chemically labile organic carbon that is physically protected or otherwise inaccessible to
microbial communities. Destabilization of this pool of sedimentary organic carbon could fuel
microbial reactions that mobilize contaminants such as arsenic.

One potential way that this carbon pool could be destabilized is through the priming
effect, an effect where an input of labile organic matter (OM) impacts the utilization of older,
more refractory OM. Priming can have a negative or positive effect on the utilization rate of this
more recalcitrant OM. Priming is hypothesized to occur via two mechanisms: 1) labile organic
carbon activates a larger variety of microbial communities, working in succession or in
conjunction with each other to mineralize OM that would otherwise not be utilized (Derrien et
al., 2014; Fontaine, Mariotti, & Abbadie, 2003; Y Kuzyakov, Friedel, & Stahr, 2000; Yakov
Kuzyakov, 2010); 2) labile organic carbon fuels microbial-driven reductive dissolution reactions,
destabilizing mineral-associated, reactive organic matter (Eusterhues, Rumpel, Kleber, & Kdgel-

Knabner, 2003; Mikutta, Kleber, Torn, & Jahn, 2006).

88



Most studies done on the priming effect have focused on soils, which contain much
higher concentrations of organic matter than aquifer sediments. Few studies have looked at
sediments, and those that have focused on sediments from lakes and oceans (Gontikaki,
Thornton, Huvenne, & Witte, 2013; Hannides & Aller, 2016; van Nugteren et al., 2009) or oil
sands tailing ponds (Ahad & Pakdel, 2013). However, there is evidence that these effects could
occur in groundwater aquifer sediments. In aquifers, inputs of fresh, labile organic carbon from
the surface may be introduced into a system via alterations to groundwater flow patterns, e.g.,
caused by changes in groundwater pumping schemes, as in a study conducted in Vietnam that
saw arsenic mobilization reactions increase after significant groundwater pumping alterations
(van Geen et al., 2013). In that study, increased pumping of groundwater to a large city
mobilized arsenic in greater concentration than could be accounted for with amount of DOC
present in the source water that was being pumped through the aquifer, and higher DOC
concentrations were measured in the aquifer than in the source water.

In our current study, we tested the ability of an input of highly bioavailable
organic carbon (glucose) into batch incubations of Cambodian aquifer sediment to destabilize
sedimentary organic carbon (SOC) and fuel further microbial reactions, including reactions that
mobilize arsenic, iron, and manganese off the sediment. Here we measured both concentrations
and natural abundance stable carbon isotopes (83C) of inorganic and organic carbon pools
within the solid and aqueous phase, in microcosm experiments to track the movement and
transformation of carbon over time. We hypothesized that the addition of a labile source of
organic carbon would destabilize bioavailable organic carbon from the sediments, which would

fuel further microbial reactions responsible for metal mobilization.
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4.2 Materials and Methods

4.2.1 Incubation Experimental Setup

In a 10mL amber glass serum vial, 10 mL of 0.1 M de-oxygenated NaCl solution was
mixed with 4.3 g (dry mass) of aquifer sediment, collected in November 2011 in Cambodia; the
sediment and sediment collection have previously been described (Gillispie, Andujar, &
Polizzotto, 2016). The NaCl was added to the incubation solution to adjust ionic strength to a
typical value for groundwater near the collected sediment, in order to prevent non
environmentally-relevant sorption behavior. The field site is southeast of Phnom Penh. Sediment
was collected from a Pleistocene aquifer that contains low concentrations of dissolved arsenic
(As concentrations are below 10 pg/L (UNICEF, 2009)). Sediment was collected from three
locations, at different depths (6 m, 18 m, and 21 m). Sample collection was conducted
anaerobically, and temperatures maintained at 4 °C. Due to limited sample mass, sediment was
homogenized in an anaerobic chamber at the University of Washington.

Vials were stoppered and filled using syringes and needles, to eliminate the entire
headspace, removing the necessity to conduct any analyses of gas-phase carbon throughout the
experiment. In half of the bottles, sterilized (subjected to 25 kGy gamma irradiation) sediment
was used. NaCl solution was made with three different concentrations of glucose, amounting to 0
mg/L C (“Low”), 50 mg/L C (“Medium”), and 100 mg/L C (“High”). Incubation bottles were set
up to sample at 6 different timepoints, with three replicates each of low, medium, and high
glucose concentrations for each timepoint (108 total incubation vials). Over time, incubation
samples were destructively sampled. Water and sediment were subsampled and analyzed as

described in the following sections.
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4.2.2 Electrochemical Parameters

During sampling, electrochemical parameters were measured on unfiltered water,
including conductivity, pH, oxidation-reduction potential (ORP), and temperature. Conductivity
and temperature was measured on a Mettler Toledo InLab 751-4mm glass conductivity probe,
while pH and ORP were measured on a Fisher Scientific accumet pH/ORP combination titration

glass electrode.

4.2.3 Dissolved Inorganic Carbon Concentration and Isotopic Signature

Dissolved inorganic carbon (DIC) concentration and §*3C signature were measure on a
GasBench 11 system interfaced to a Delta V Plus IRMS (Thermo Scientific, Bremen, Germany)
at the Stable Isotope Facility (SIF) at University of California, Davis. During incubation
sampling, 2 mL of sample was syringe filtered through a 0.2 um polyethersulfone (PES) filter
into an evacuated (flushed with N2 gas, evacuated with a vacuum pump and 20G syringe needle,
repeated 6 times) 12 mL Exetainer vial (Labco Ltd, High Wycombe, UK), containing 1 mL of

concentrated phosphoric acid (Atekwana & Krishnamurthy, 1998; Li et al., 2007).

4.2.4 Dissolved Organic Carbon Concentration and Isotopic Signature

During incubation sampling, an aliquot of water was vacuum-filtered through a 0.2 pm
PES filter; 175 pL were added to an ashed 200 uL glass insert, inside a 2 mL HPLC vial, while a
second subsample was added into a 40 mL I-Chem 200 series glass vial and diluted with
ultrapure deionized water (Milli-Q) to achieve necessary volume and concentration. The aliquot
in the HPLC vial was used to determine dissolved organic carbon (DOC) concentrations. DOC

was measured on a GE Analytical Instruments Sievers 900 TOC analyzer (model TOC 900
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Portable) in line with a Dionex UltiMate 3000 high-performance liquid chromatography system
(HPLC) system that functioned as an autosampler. The subsample in the 1-Chem vial was sent to
the SIF at UC Davis, for analysis of isotopic composition of §*C in DOC. These were measured
on an O.l. Analytical Model 1030 TOC analyzer Analyzer (Xylem Analytics, College Station,
TX) interfaced to a PDZ Europa 20-20 isotope ratio mass spectrometer (Sercon Ltd., Cheshire,
UK) utilizing a GD-100 Gas Trap Interface (Graden Instruments), according to the laboratory-

suggested method (St-Jean, 2003).

4.2.5 Solid-phase Carbon Concentration and Isotopic Signature

During sampling, an aliquot of sediment was placed in an acid-washed serum vial and
later dried at 60 °C. The aliquot was further divided into 6 subsamples of ~20mg, weighed into
silver 5 x 9 mm capsules (Costech, #41067). Three subsamples were fumigated in a desiccator
with a beaker of concentrated HCI for at least 6 hours, according to the technique of Harris et al.
2001 (Harris, Horwath, & van Kessel, 2001) to remove inorganic carbon from the sediment. All
subsamples were measured at the University of Washington Isolab on a Costech ECS 4010
Elemental Analyzer (EA), ThermoFinnigan Conflo 111, ThermoFinnigan MAT253 IRMS for a
continuous flow based measurement of the solid material 53C (VDPB) and concentration.
Inorganic carbon concentration (SIC) and isotopic signature were determined by calculations of
the difference between the total (STC) and organic measurements (SOC), according to Equations
4.1-4.3. EA measurements were determined against three standards: NIST 1547 and two in-

house glutamic acid standards.
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Mgic + Msoc = Msrc (4.1)

8sicMsic + 8socMsoc = OstcMsrc (4.2)

SsrcMsre — 8socMsoc
8s1c = (4.3)
Mgrc — Mgoc

4.2.6 Arsenic, Iron, and Manganese

During sampling, an aliquot of water was vacuum-filtered through a 0.2um PES filter,
added to an acid-washed 15 mL Falcon centrifuge tube, and acidified to 1% acidity with ultra-
trace metal nitric acid. Acidified samples were then measured for As, Fe, and Mn on an Elan
DRC-e inductively coupled plasma mass spectrometer (ICP-MS). Samples were diluted to below
250 pg/L to achieve optimal measurement concentration and avoid matrix interferences caused
by the NaCl salt in the initial solution. Internal standards, external standards, and blanks were run

as quality control checks to ensure data quality.

4.3 Results

Prior to mixing materials together, carbon concentrations and isotopic signatures were
determined for both sediment and water (Table 4.1). These values allow us to track carbon

movement throughout the system. The conceptual model for our system is shown in Figure 4.1.
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Table 4.1: Characterization of initial sample materials, prior to mixing in incubation experiments. DOC isotopic
signature was not measured (nm), due to lack of sufficient concentration. Concentrations below detectable limits
are noted as ‘nd’.

Isotopic Signature
Parameter/ Sample Concentration Phase
(8°C VPDB)

Glucose -11.5896 nm Solid

Sedimentary Organic Carbon (SOC) -22.3385 0.11 %C Solid

Sedimentary Total Carbon (STC) -16.5949 0.13 %C Solid

Sedimentary Inorganic Carbon (SIC) +14.9949 0.02 %C Solid
Dissolved Organic Carbon (DOC), NaCl Solution nm nd Aqgueous
Dissolved Inorganic Carbon (DIC), NaCl Solution -11.3690 nd Aqgueous

SIC

V

SOC €—> DOC ——> DIC

)

Figure 4.1: Conceptual model of carbon movement throughout our incubation microcosms. SOC: sedimentary
organic carbon; DOC: dissolved organic carbon; DIC: dissolved inorganic carbon; SIC: sedimentary
inorganic carbon

Concentrations of dissolved organic carbon over time in the incubation experiments
(Figure 4.2a) started out around 480 mg C - kg! sediment in the high glucose samples, around
400-420 mg C - kg! sediment in the medium glucose samples, and ~270 mg C - kg™ sediment
(abiotic) and ~340 mg C - kg sediment (biotic) in the low glucose samples (those with no
glucose). Samples that were unamended with glucose contained only natural organic carbon,
originating from the sediment. Previous laboratory incubations of sediment from Bangladesh

showed a large pool of bioavailable organic carbon in sediment porewater (Neumann et al.,
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2014). Over time, concentrations decreased down to ~30-60 mg C - kg™ sediment in all the biotic
samples. In contrast, DOC concentrations in the abiotic samples stayed relatively constant. The
high glucose biotic samples (those that were spiked with 100 mg/L C with glucose), decreased in
concentration almost immediately, with a decrease of ~42 mg C - kg! sediment between day 7
and day 28, reaching a low of ~30 mg C - kg™ sediment at day 156. The medium glucose
samples (those that were spiked with 50 mg/L C with glucose), remained relatively stable in
concentration until dropping significantly between day 28 and day 100, dropping from 484 to
283 mg C - kg* sediment, reaching a final concentration of ~30 mg C - kg™ sediment by day 156,
mimicking the behavior of the high glucose samples. The low glucose samples (those that were
not spiked with glucose), remained relatively stable in regards to DOC concentrations for the
longest period of time, not dropping in concentration until they dropped from 358 to 76 mg C -
kg sediment between days 100 and 156 and reached a final concentration of 63 mg C - kg
sediment at day 226.

These concentration data help support the hypothesis that priming occurred, as spiking
with glucose sped up the degradation processes occurring in the microcosms by 50 days. Further,
the samples spiked with glucose were able to achieve slightly lower final concentrations, with
the highly spiked samples achieving a final concentration of 38.8 mg C - kg™ sediment (38.5 -
40.1 mg C - kg sediment) vs. a final concentration of 63.5 mg C - kg* sediment (56.6 - 63.7 mg
C - kgt sediment) in the unamended samples. These final concentrations hint at the ability of the
glucose to prime the microbial community to access or utilize organic carbon otherwise
recalcitrant.

Concentrations of dissolved inorganic carbon (DIC) behaved in a nearly opposite manner

to the DOC, as would be expected (Figure 4.2b). Over time, the abiotic samples maintained
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consistent DIC concentrations, while the biotic samples increased in concentration. The high
glucose samples reached the highest concentration, around 550 mg C - kg™ sediment vs. the
unamended samples that reached approximately 430 mg C - kg* sediment.

Comparing the first and last timepoint, the change in mass of DOC was 277 mg C - kg!
sediment for the unamended samples and was 437 mg C - kg™* sediment for the high spiked
samples. For these same samples, the difference between those timepoints in mass of DIC was
larger at 353 mg C - kg sediment and 502 mg C - kg* sediment, respectively. These
discrepancies indicate that an additional carbon pool was responsible for the excess DIC formed,
either SIC or SOC. Our measurements showed that SIC concentrations were too low to
accurately calculate. Thus, the additional DIC was likely from SOC. The measured changes in
SOC over the experiment (Figure 4.2c) were inconclusive in supporting this conclusion. SOC
concentrations decreased in the incubations, but did so in both abiotic and biotic samples,

indicating an abiotic reaction, such as equilibrium partitioning, was responsible for the decrease.
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Figure 4.2 - Concentrations and isotopic signatures of carbon over time in the incubation experiments. Gray,
filled-in symbols are biotic, while open symbols are abiotic. Square symbols represent those samples initially
spiked with 100 ppm C glucose; triangle symbols represent those samples initially spiked with 50 ppm C glucose;
circles are those samples that were unamended with glucose. Median values of experimental replicates are
plotted, with error bars representing the upper and lower quartile of the experiment replicates. Note that samples
spiked with 50 ppm C glucose were not analyzed for sedimentatry organic carbon concentration or isotopes
(panels ¢ and f).
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Analysis of the isotopes of carbon in the incubation vials indicate an influence of an
enriched carbon isotope on the overall composition of the DIC (Figure 4.2e). The DIC isotope
data appear to indicate two phases of DIC formation, one between day 0 and day 100, where the
isotopes in the biotic samples were depleted. For depletion to occur, the DIC had to evolve from
either the glucose or the SOC, not merely dissolution of the SIC, as the SIC isotopes are a
heavily enriched value of +14.9949 (see Table 4.1). However, after that timepoint, the DIC
grows more enriched, pointing to an influence of an enriched carbon compound, such as SIC.
The SOC isotopic composition (Figure 4.2f) also became more enriched over time, but this
occurred in both the biotic and abiotic samples. These observations together point to a larger
influence of SIC than originally hypothesized or observed via mass observations alone; despite
low concentrations, the heavily enriched nature of the SIC implies that a very small amount of
SIC could influence the isotopic signature in a large manner. The enriched SOC may have been
formed as equilibrium partitioning reactions occurred, favoring the movement of depleted carbon
into the aqueous phase. There are multiple reactions that are occurring that can influence the
partitioning behavior of the SOC, such as those that change the pH or mineralize DOC from
SOC partitioning into DIC, requiring further partitioning to create an equilibrium. The similar
pattern between the abiotic and biotic samples suggests that pH-altering reactions, which can
also influence SIC mobilization, are the most likely scenario occurring.

It is worth noting however, that the pH data (Figure 4.4c) are in line with the DIC isotope
data, with its two phases of behavior. The pH of the biotic samples, especially the spiked
samples, increased until day 150, at which point it started decreasing again. This is counter to the
relatively consistent decrease in pH over the full time period in the abiotic samples, suggesting

that the SOC composition change in the abiotic samples may be solely related to pH, while the
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biotic samples behavior is more complex and multi-faceted. DOC isotope data (Figure 4.2d) also
align with the two-phase behavior in composition change. In the first phase, DOC isotopes get
heavier, and then become lighter in the second phase. Since SOC is lighter than the DOC
isotopes in the first phase, the DOC isotopes are likely getting heavier due to conversion of DOC
into DIC, with lighter isotopes being preferentially used. During the second phase, the DOC
isotopes getting heavier either indicates conversion of SOC into DOC or a decrease in the
amount of DOC being converted to DIC via microbial respiration.

To better assess the importance of some of these carbon pools and transformation
pathways in our experimental systems, we tracked changes in '2C and *C composition over time
and compared the measurements to calculations based on our simplified model (see Figure 4.3).
The simplified model assumes SIC input is negligible, an assumption made due to the small
values of measured SIC. Additionally, we have eliminated the direct SOC-to-DIC pathway.
Equations 4.4-4.9 demonstrate the approach to calculating DIC *2C and **C and comparing it to
the measured values. Results from each timestep are shown in Table 4.2. Comparing the
calculated values for DIC to the directly measured values clearly indicates that the simplified
model we presented is inadequate at capturing the full system. This likely indicates that the SIC

plays a larger role than we were able to capture.

SOC €<—> DOC —> DIC

Figure 4.3: Simplified conceptual model of carbon movement throughout our incubation microcosms. SOC:
sedimentary organic carbon; DOC: dissolved organic carbon; DIC: dissolved inorganic carbon.
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Table 4.2: Results of isotope calculations for each timestep of Low and High experiments.

Alic AISC Alic AlSC Alic AISC
Measured DIC - Calculatec
soc DIC DOC socC DIC DOC DIC Calculated (-SOC-DOC)' DIC

A TP1-TP2 | -296.0000 0.1237 -29.7540 9.8631 11.0297 -0.3299 325.7540 -9.5332 -314.7243 9.6569

Biotic ATP2-TP3 | -22.9100 0.5237 71.5512 -0.2286 46.8150 0.7904 -48.6412 -0.5618 95.4562 1.0855
Low ATP3-TP4 | 207.3100 0.1577 -23.5586 2.2929 14.7743 -0.2587 -183.7514 -2.0343 198.5258 2.1920
A TP4-TPS | -333.4300 2.6854 -282.0986 -3.6053 238.0325 -3.1291 615.5286 6.7345 -377.4961 -4.0490
ATP5-TP6 | 282.7300 0.4831 -12.8427 3.1151 42.2544 -0.1420 -269.8873 -2.9731 312.1417 3.4561
ATP1-TP2 | 17.2000 0.3225 -17.2723 12.3224 27.9422 -0.1915 0.0723 -12.1309 27.8699 12.4535

Biotic A TP2-TP3 | -209.4300 1.8140 -52.4852 -2.2576 162.6657 -0.5797 261.9152 2.8373 -99.2494 -1.0233
High ATP3-TP4 | -159.3300 1.3101 -246.6854 -1.6651 117.4663 -2.7294 406.0154 4.3944 -288.5491 -3.0843
ATP4-TPS | 154.0700 2.0363 -128.1617 1.6967 178.1214 -1.4251 -25.9083 -0.2717 204.0297 2.3079
ATP5-TP6 | 81.5900 0.1715 7.7092 0.8791 15.6999 0.0848 -89.2992 -0.9639 104.9991 1.1354
ATP1-TP2 | -41.7000 0.0396 67.1505 -0.5305 3.5680 0.7442 -25.4505 -0.2138 29.0185 0.2533

Abiotic ATP2-TP3 | 216.7000 -0.0013 14.0753 2.3911 -0.1164 0.1564 -230.7753 -2.5475 230.6589 2.5462
Low A TP3-TP4 | -192.8500 0.0694 98.7006 -2.1107 6.2480 1.0974 94.1494 1.0133 -87.9015 -0.9439
A TP4-TPS | -376.7000 0.0633 90.3671 -4.0853 5.7004 0.9925 286.3329 3.0928 -280.6325 -3.0295
ATP5-TP6 | 277.3500 0.0063 -180.4845 3.0751 0.5901 -1.9967 -96.8655 -1.0783 97.4556 1.0846
ATP1-TP2 | -287.3000 0.0412 8.7333 13.6916 3.7249 0.0987 278.5667 -13.7903 -274.8419 13.8315

Abiotic ATP2-TP3 | -47.4000 0.0383 8.1524 -0.5069 3.4635 0.0840 39.2476 0.4229 -35.7841 -0.3846
High ATP3-TP4 | -111.0000 0.0136 -11.0908 -1.1657 1.2109 -0.1237 122.0908 1.2894 -120.8798 -1.2758
ATP4-TPS | -119.8200 0.0715 33.0485 -1.2953 6.4360 0.3668 86.7715 0.9284 -80.3355 -0.8570

A TP5-TP6 | -128.8400 0.0450 11.4720 -1.4015 4.0732 0.1330 117.3680 1.2684 -113.2948 -1.2234
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Figure 4.4 — Electrochemical readings of incubation experiments over time. Gray, filled-in symbols are biotic,
while open symbols are abiotic. Square symbols represent those samples initially spiked with 100 ppm C glucose;
triangle symbols represent those samples initially spiked with 50 ppm C glucose; circles are those samples that
were unamended with glucose. Median values of experimental replicates are plotted, with error bars representing
the upper and lower quartile of the experiment replicates.
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In addition to carbon, concentrations of arsenic, iron, and manganese were monitored
over time in these experiments. Despite the degradation of large amounts of organic carbon in
the incubation bottles, we did not see any evidence of microbially-driven arsenic release into the
waters. Arsenic concentrations, shown in Figure 4.5¢c, increased slightly between the first
timepoint and day 100, then remained fairly constant or slightly decreased. Both the abiotic and
biotic samples exhibited these trends, suggesting that any reactions occurring with regards to
arsenic are not microbially-driven and thus not fueled by the addition of glucose to some of the

vials.
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Figure 4.5 — Concentrations of manganese, iron, and arsenic in the incubation experiments over time. Gray,
filled-in symbols are biotic, while open symbols are abiotic. Square symbols represent those samples initially
spiked with 100 ppm C glucose; triangle symbols represent those samples initially spiked with 50 ppm C glucose;
circles are those samples that were unamended with glucose. Median values of experimental replicates are
plotted, with error bars representing the upper and lower quartile of the experiment replicates.
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Conductivity measurements (Figure 4.4b) offer no insight into the lack of mobilization of
arsenic off the aquifer sediment. Over time in the experiments, there is a decrease in
conductivity, but it occurs in both the abiotic and biotic samples and shows no patterns along the
low, medium, and high glucose samples.

The arsenic concentration results in our experiments show little impact of microbial
influence on mobilization. In contrast, both the manganese (Figure 4.5a) and iron (Figure 4.5b)
results indicate an impact of glucose amendment on the release of those metals, with clear
distinctions between the abiotic samples and the biotic samples. Mobilized manganese
concentrations quickly increase and reach their maximum in the samples that were amended with
100 ppm C glucose, while the samples amended with less glucose (50 ppm C glucose) or no
glucose increased in [Mn] at day 100, plateauing. The high glucose samples had the highest final
[Mn] of approximately 10 mg/kg sediment, with the medium glucose samples having the next
highest, ~7 mg/kg sediment, and the unamended samples achieving a final concentration of ~4
mg/kg sediment.

Iron concentrations in the incubation vials behaved in a similar fashion to the manganese
concentrations. Concentrations in the biotic, high glucose samples increased almost immediately
and reached a maximum of ~16 mg / kg sediment, decreasing again to reach a final concentration
of ~8 mg / kg sediment. The medium glucose and no glucose biotic samples remained low until
day 100, where the medium glucose samples achieved an [Fe] of approximately 6 mg/kg
sediment, and the unamended samples had [Fe] of ~2 mg/kg. Both the medium glucose and
unamended samples remained constant from day 100 through the end of the experiment. These

manganese and iron data considered together support the hypothesis that a pulse of highly
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bioavailable organic carbon into an environmental system can impact the reactions that occur, by
speeding up the process.

Arsenic mobilization may not have been impacted in the same manner, simply because
there were more energetically-favorable electron acceptors available (Mn and Fe). Until the
oxidation-reduction potential (Eh) of the system were decreased, the arsenic would not itself be
reduced. Additionally, these data indicate that despite the reduction and release of iron into the
aqueous phase, arsenic was not also released. Thus, either arsenic is not stabilized in this
sediment via iron, or the phases that were reduced were not those associated with arsenic.
Previous laboratory incubations of this same sediment (Gillispie et al., 2016) demonstrated that
until manganese oxides were reduced, iron oxides wouldn’t be reduced. Further, until these were
fully reduced, arsenic mobilization wouldn’t occur. In those experiments, the amount of carbon
initially added was much higher than in our experiments (~7200 mg C/ kg sediment vs. 270 mg
C/ kg sediment in our “high”), which may likely explain the difference in mobilization behavior
from our experiments. Based on the solid phase concentrations measured on sediment collected
from the same field site (Gillespie et al., 2016), the amount of carbon supplied by glucose alone
should have sufficiently fueled manganese reduction (~20 mmol carbon/kg sediment to reduce
~10 mmol Mn/kg sediment). However, to fuel reductive dissolution of all the iron, ~1200 mmol
C/ kg sediment would be needed, conservatively assuming the sediment iron concentration is
~300 mmol/kg.

In addition to iron and manganese dissolution, we saw evidence of mineral precipitation
later in the experiment. After day 100, dissolved concentrations begin to decrease. This behavior
has been observed before in batch experiments of anoxic aquifer sediment and water (Radloff et

al., 2007). In that study, the authors hypothesized that saturation limits had been reached in the
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water, and iron-sulfides and P-sulfides had started to form. Other studies have yielded similar
results (Tufano & Fendorf, 2008), with arsenic and iron being released into the mobile phase
following experiment initiation, then precipitation onto existing minerals or formation of new
minerals resulting in decreasing dissolved concentrations. While we saw this behavior at around
100 days, these previous studies observed decreasing dissolved concentrations at day ~250 and

~30, respectively.

4.4 Discussion

Overall, the results of our experiment failed to show strong, conclusive evidence in
support of microbial priming effects. The experiment showed that an influx of highly
bioavailable organic carbon may speed up the rate of organic carbon degradation, however given
enough time, an environmental system seems likely to stabilize, with no additional carbon being
utilized that wouldn’t otherwise be (i.e., no destabilization of sedimentary organic carbon fueled
by the original priming pulse. While the final concentrations of DOC did show a difference
between the glucose-amended and unamended samples, this difference (24.7 (16.5-25.2) mg C -
kg sediment) was not large and was not replicated in the SOC data.

Beyond priming a system to destabilize older SOC, priming can also alter the microbial
community, as the glucose appeals to different microbes than those that may have a preference
for different forms of carbon. A previous short-term (one-week) incubation study (Derrien et al.,
2014) that assessed the impact of adding glucose to a soil on SOC mineralization, found that in
that short time period, four stages of carbon mineralization occurred, with different microbial
communities working in sequence to first mineralize the labile input, then the older, recalcitrant

SOC. The two phase behavior that we observed in our experiment may reflect this same type of
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priming effect, as the high-glucose-amended samples exhibited this the most drastically, in pH,
DOC & DIC isotopes, and metal concentrations. Specifically, the two-phase behavior of the
DOC isotopes strongly supports this type of priming effect, as SOC mineralization becomes a
larger influence in the second phase.

It is possible that our experimental design inherently failed to induce a distinct priming
effect by only introducing one labile sugar into the system. An incubation study conducted on
forest soils in Germany found that priming effects were significantly amplified when two sugars
were added to a microcosm, vs. only one (Hamer & Marschner, 2005). The addition of multiple
sugars bolsters the growth of multiple microbial communities, increasing the ability of these
communities to mineralize SOC.

These results also failed to show that a fresh input of organic matter will fuel extensive
arsenic mobilization in aquifer sediments. Reductive dissolution of manganese and iron oxides
did occur, and was clearly impacted by the glucose additions, as the highly-amended mobilized
more than the unamended. However, these data taken in conjunction with the organic carbon
data do not conclusively show that the differences in mobilization are due to anything other than
the availability of more organic carbon available from the glucose to fuel the reactions, rather
than the glucose destabilizing SOC which then also fuels these reductive reactions. Furthermore,
the increase in aqueous iron and manganese did not correlate with an increase in mobilized
arsenic, which also suggests that if arsenic is associated with iron or manganese minerals, it is
perhaps associated with forms that were not targeted by the microbial reactions induced in these
experiments. Most likely, the initial sediment chemistry prevented arsenic mobilization, by
containing concentrations of Mn oxides that were too high. Previous incubations of the

Cambodian aquifer sediment (Gillispie et al., 2016) showed a strong correlation between
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reduction of manganese oxides and arsenic. However, both the manganese and iron oxides had to
be significantly reduced before arsenic mobilization began, as the energetically-preferential
reduction of these minerals may have inhibited arsenic mobilization. The two-phase behavior we
observed most likely indicates precipitation of iron that was reductively dissolved into new
minerals, or onto existing minerals as saturation limits were met. Given time, our incubations

may have released arsenic, as concentrations of manganese and iron oxides were depleted.
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5. Conclusions

113



The far-reaching and extremely toxic nature of arsenic contamination demands that we
continue to strive to better understand how arsenic is released into the environment and methods
that can reduce human and environmental exposure. This study analyzed the sequestration
mechanism of an in situ treatment system and examined mobilization mechanisms and factors
that could influence mobilization of arsenic in contaminated aquifers.

The analysis of two implemented in situ treatment systems that utilize induced sulfate
reduction (ISR) as a means to form sulfide and iron minerals in the subsurface yielded
information that can be used to inform future engineering application decisions. Our work found
that PRBs that use ZV1 in conjunction with sulfate and carbon materials are more effective in
arsenic removal, likely due to the formation of more stable minerals, such as iron-sulfides and
iron oxyhydroxides. In addition to sorbing to the surface of these minerals, arsenic was
potentially incorporated into the mineral matrix, which also lends stability to the treatment. In
contrast, the data suggest that arsenic stabilization in the non-ZV1 system was primarily
controlled by arsenic-sulfide associations.

In pursuit of elucidating the reactions or cause of arsenic mobilization off aquifer
sediment into groundwater supplies, the laboratory experiment conducted with aquifer materials
from Bangladesh closely analyzed the organic carbon available to subsurface from aquifer
recharge waters and aquifer sediment. Ultra-high resolution mass spectrometry (FT-ICR-MS)
revealed a large, heterogeneous pool of organic compounds in the sediment porewater. Like
other subsurface studies using FT-ICR-MS, many of the compounds in the sediment porewater
we analyzed contained organosulfur compounds. Compared to the sediment porewater, the
recharge waters that we studied had stark differences in lability, specifically when comparing

percent of total compounds with H-to-C ratios greater than 1.5, a common lability index.
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However, the sedimentary organic carbon had such greater amounts of total organic carbon, that
it still had more total compounds that we could classify as “labile” than the recharge waters.
Again, the recharge water organic carbon also contained many organosulfur compounds. This
commonality of organosulfur in our study and in others, leads us to suggest that S-containing
compounds might be a fingerprint carbon evolving from organic-rich, anaerobic subsurface
environments.

Over time, as microbial activity consumed carbon, the remaining compounds became
enriched in sulfur and phosphorus. Additionally, the lability indices were ineffective in
effectively explaining the microbial degradation. These results suggest that our current
understanding of microbial organic carbon mineralization is incomplete and needs to be further
examined.

The discovery of such a sizable, diverse pool of organic carbon in sediment porewater of
an arsenic-contaminated aquifer in Bangladesh led to the analysis of an arsenic-contaminated
aquifer in Cambodia, with sediment more vulnerable to arsenic mobilization via reduction
dissolution of iron (oxy)hydroxides fueled by organic carbon. We hypothesized that microbial
priming could make this large organic pool available to microbes and fuel subsurface reactions,
including reductive dissolution. Our laboratory incubation experiments of Cambodian aquifer
sediment failed to show strong, conclusive evidence in support of microbial priming effects, but
did show that an influx of highly bioavailable organic carbon may speed up the rate of organic
carbon degradation.

Despite bioavailable carbon being available to microbes and degraded over time, arsenic
mobilization was limited, most likely due to large concentrations of manganese and iron oxides

that needed to first be reduced before dissolved arsenic would increase. We did observe a
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bimodal behavior in the metals, that could reflect alterations to the microbial community, where
multiple communities were developed that worked in sequence. More likely is that this behavior
reflects mineral precipitation begin to occur as iron is reduced and begins to saturate the
solution. The results of this study do not raise immediate concern for future contamination of
currently clean aquifers, as a carbon influx neither released substantial amounts of sediment
carbon nor mobilized arsenic. However, further work that is not limited by the enclosed, static
nature of incubation experiments should be conducted,; if water is not allowed to remain still
long enough to become iron-saturated, further reduction may occur and allow for arsenic

mobilization.
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Appendix.1: Calculation of organic carbon in sediment

Sediment Porewater Organic Carbon (DOC) = 0.33 £ 0.06 mg OC g-1 sediment

Sediment Organic Matter (LOI) =6.5 £ 1.5 mg/g

Using van Bemmelan factor(United States Department of Agriculture, Natural Resources
Conservation Service, 2011) (58% OM = OC) to estimate sediment OC:

6.5 mg/g * 0.58 = 3.77 mg OC/g sed

DOC in sediment porewater as percent of sediment OC:

0.33/3.77 * 100 = 8.75 %

Error for the above calculation:

Err,gy= 0.06/3.77=0.0159
Err,gt=0.33/(3.7772)*(0.58*1.5)=0.0202

Err  =sqrt[(0.06/3.77)"2+(0.33/(3.7772)*(0.58*1.5))"2]
=0.0257 mg OC/qg sed

0.0257/3.77*100=0.68 %

DOC in sediment porewater represented 8.8 = 0.7 % of OC in sediment.
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Appendix.2: FT-ICR-MS Analysis Methodology

Frozen incubation samples mailed to EMSL for FT-ICR-MS analysis were diluted 1:2 (v/v) with
LC-MS grade methanol less than 30 minutes before analysis to minimize esterification. lon
accumulation time was optimized for all samples. A standard Bruker ESI source was used to
generate negatively charged molecular ions. Samples were introduced to the ESI source
equipped with a fused silica tube (200 pum i.d) through a syringe pump at a flow rate of 3.0
uL/min. Experimental conditions were as follows: needle volt-age, +4.4 kV; Q1 set to 150 m/z;
and the heated resistively coated glass capillary operated at 180 °C. One hundred forty four
individual scans were averaged for each sample and internally calibrated using OM homologous
series separated by 14 Da (—CH2 groups). The mass measurement accuracy was typically within
1 ppm for singly charged ions across a broad m/z range (i.e. 200, <m/z <1200). DataAnalysis
software (BrukerDaltonik version 4.2) was used to convert raw spectra to a list of m/z values
applying FTMS peak picker with S/N threshold set to 7 and absolute intensity threshold to the
default value of 100. Chemical formulae were assigned using an in-house built software
following the Compound Identification Algorithm (CIA), described by Kujawinski and
Behn(Kujawinski & Behn, 2006) and modified by Minor et al.(Minor, Steinbring, Longnecker,
& Kujawinski, 2012) Chemical formulae were assigned based on the following criteria: S/N >7,
and mass measurement error <1 ppm, taking into consideration the presence of C, H, O, N, S and

P and excluding other elements.
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Figure Appendix.1. Aromaticity Index of Native Incubation Materials
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Figure Appendix.1. Classification via aromaticity index (Al) of organic matter present in native incubation
materials: pond recharge water, rice field recharge water and sediment porewater.
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Figure Appendix.2. Relative Mass Distributions for Native Incubation Materials
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Figure Appendix.2. Relative frequency of compounds in the native incubation materials with a given compound
mass. Each bar represents the relative frequency of compounds present in the sample within a 50 Da range.
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Figure Appendix.3. van Krevelen Diagrams for Biotic Rice Field Incubation at Days 1.5 and 85
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Figure Appendix.3. van Krevelen diagrams for each heteroatom group in the biotic rice field incubation. (A) Day
1.5 of incubation. (B) Day 85 of incubation. Data point color reflects the molecular mass of the organic
compound according to the color bar. Grey shaded areas mark the H-to-C and O-to-C ratios of model chemical
classes, as indicated in the legend. The percent of compounds present in each heteroatom group with H-to-C

ratios above and below 1.5 is noted on each diagram above and below the dashed line, respectively.
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Figure Appendix.4. van Krevelen Diagrams for Biotic Pond Incubation at Days 1.5 and 85
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Figure Appendix.4. van Krevelen diagrams for each heteroatom group in the biotic pond incubation. (A) Day 1.5
of incubation. (B) Day 85 of incubation. Data point color reflects the molecular mass of the organic compound
according to the color bar. Shaded grey areas mark the H-to-C and O-to-C ratios of model compounds, as
indicated in the legend. The percent of compounds present in each heteroatom group with H-to-C ratios above
and below 1.5 is noted on each diagram above and below the dashed line, respectively.
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Figure Appendix.5: Elemental Ratios for Abiotic Rice Field Incubation

Rice Field Recharge Water Mixed with Sterilized Sediment (Rice Abiotic)
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Figure Appendix.5. Evolution of H-to-C, O-to-C, N-to-C, P-to-C, and S-to-C ratios over time in the abiotic rice
field incubations for each heteroatom group. Grey lines reflect the number of compounds lost between day 1.5
and 18 (labeled A) and between day 18 and 85 (labeled B), black lines reflect the number of compounds common
between the noted timepoints, and red lines reflect the total number of compounds at the latest of the noted
timepoints (i.e., day 18 for line A and day 85 for line B).
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Figure Appendix.6: Elemental Ratios for Biotic Pond Incubation

Pond Recharge Water Mixed with Native Sediment (Pond Biotic)
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Figure Appendix.6. Evolution of H-to-C, O-to-C, N-to-C, P-to-C and S-to-C ratios over time in the biotic pond
incubations for each heteroatom group. Grey lines reflect the number of compounds lost between day 1.5 and 18
(labeled A) and between day 18 and 85 (labeled B), black lines reflect the number of compounds common
between the noted timepoints, and red lines reflect the total number of compounds present at the latest of the
noted timepoints (i.e., day 18 for line A and day 85 for line B).
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Figure Appendix.7: Elemental Ratios for Abiotic Pond Incubation

Pond Recharge Water Mixed with Sterilized Sediment (Pond Abiotic)
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Figure Appendix.7 Evolution of H-to-C, O-to-C, N-to-C, P-to-C and S-to-C ratios over time in the abiotic pond
incubations for each heteroatom group. Grey lines reflect the number of compounds lost between day 1.5 and 18
(labeled A) and between day 18 and 85 (labeled B), black lines reflect the number of compounds common
between the noted timepoints, and red lines reflect the total number of compounds present at the latest of the
noted timepoints (i.e., day 18 for line A and day 85 for line B).
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Figure Appendix.8: Mass Distributions for Abiotic Incubations at Day 1.5 and Day 18
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Figure Appendix.8. Number of compounds in each of the abiotic incubations with a given compound mass at day
1.5 (dark grey bars) and day 18 (light grey bars). Each bar represents the number of compounds present for the
sample within a 50 Da range.
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Figure Appendix.9: Mass Distributions for Biotic Incubations at Day 1.5 and Day 18
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Figure Appendix.9. Number of compounds in each of the biotic incubations with a given compound mass at day
1.5 (dark grey bars) and day 18 (light grey bars). Each bar represents the number of compounds present for the
sample within a 50 Da range.
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Figure Appendix.10: Mass Distributions for Abiotic Incubations at Day 18 and Day 85
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Figure Appendix.10: Number of compounds in each of the abiotic incubations with a given compound mass at
day 18 (dark grey bars) and day 85 (light grey bars). Each bar represents the number of compounds present for
the sample within a 50 Da range.
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Figure Appendix.11: Mass Distributions for Biotic Incubations at Day 18 and Day 85
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Figure Appendix.11: Number of compounds in each of the biotic incubations with a given compound mass at day
18 (dark grey bars) and day 85 (light grey bars). Each bar represents the number of compounds present for the
sample within a 50 Da range.
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